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A B S T R A C T   

Primitive electronic waste (e-waste) dismantling activities have been shown to be an important emissions source 
for a variety of toxic organic compounds, including carcinogenic polycyclic aromatic hydrocarbons (PAHs). 
Previous studies have found that some nitrated PAHs (NPAHs) are more toxic than their parent PAHs, however, 
little attention has been paid to the formation of PAH derivatives during e-waste processing and there is a lack of 
comprehensive data from field observations. In this study, the spatial distribution, temporal trends and atmo-
spheric fate of NPAHs and hydroxylated PAHs (OH-PAHs) were investigated at typical e-waste dismantling sites, 
with monitoring data collected over three consecutive years. Compared to background levels, higher levels of 
NPAHs and OH-PAHs were found in air samples from an e-waste dismantling industrial park, with their seasonal 
and annual changes shown to be affected by e-waste dismantling activities. Atmospheric PM2.5 particles were 
found to have high relative abundances of NPAHs (76.9%–95.1%) and OH-PAHs (73.3%–91.6%), with particle- 
bound concentrations ranging from 20.1 to 88.8 and 37.1 to 107 pg m− 3, respectively. The most abundant NPAH 
isomers were found to be 9-Nitroanthracene and 2-Nitrofluoranthene, while OH-PAH isomers containing 2–4 
rings were predominant. Source identification was performed based on the specific diagnostic ratios of NPAH 
isomers, confirming that NPAH and OH-PAH emissions have multiple sources, including emissions related to the 
e-waste dismantling process, atmospheric photochemical reactions and traffic emissions. Further research on the 
fate of such derivatives and their potential use as markers for source identification, is urgently required.   

1. Introduction 

Primitive and intensive electronic waste (e-waste) dismantling and 
recycling activities, have been shown to be an important emission source 
for many toxic and hazardous substances, such as heavy metals (Fu 
et al., 2013; Wu et al., 2019), volatile organic compounds (VOCs) (An 
et al., 2014; Liu et al., 2017) and semi-volatile organic compounds 
(SVOCs) (An et al., 2011; Liu et al., 2019; Ma et al., 2022). These e-waste 
processing activities have resulted in high concentrations of contami-
nants being transferred from e-waste dismantling sites into natural 

environments, raising concerns about the potential exposure risk and 
health consequences for workers and residents in the surrounding area 
(Chen et al., 2011). For example, the production of relatively high 
concentrations of carcinogenic polycyclic aromatic hydrocarbons 
(PAHs) has been observed during e-waste recycling processes (Deng 
et al., 2006; Zhang et al., 2011; Wei et al., 2012; Chen et al., 2019; Tang 
et al., 2020; Ma et al., 2022). The composition profiles of PAHs have 
been shown to vary significantly at different e-waste dismantling sites 
due to the wide range of temperatures used for processing the various 
types of e-waste (Zhang et al., 2011; An et al., 2014). There is also 
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concern about the possible release of PAH transformation products, as 
monitoring reports have indicated the occurrence of nitrated PAHs 
(NPAHs) bound to fine particulate matter (PM2.5, diameter <2.5 μm) in 
atmospheric samples collected from an e-waste site (Wei et al., 2012). A 
lab-based simulation study also verified the emission of NPAHs from 
pyrolytic e-waste disposal processes (Huang et al., 2014a, 2014b). As 
reported by Simoneit et al. (2007), hydroxylated PAH derivatives 
(OH-PAHs) are also oxidation products of PAHs that can be emitted 
directly from different incomplete combustion processes. OH-PAHs have 
also been widely identified as urinary metabolites in e-waste disman-
tling workers (Ma et al., 2022), however, the study on the OH-PAHs 
emissions from the pyrolysis of e-waste is limited. Numerous studies 
have demonstrated the mutagenicity and carcinogenicity of these PAH 
derivatives (Durant et al., 1996; Benbrahim-Tallaa et al., 2012), with 
certain isomers of NPAHs and OH-PAHs exhibiting higher levels of 
toxicity and mutagenic potential than their parent PAHs (Durant et al., 
1996; Song et al., 2020). However, limited data is available on the 
environmental occurrence and fate of PAH derivatives originating from 
e-waste recycling activities (Wei et al., 2012; Liu et al., 2020), and 
therefore, further research is needed to better understand their behav-
ioral trends and dynamics in different environmental matrices. 

PAH derivatives, such as NPAH and OH-PAH congeners, are mainly 
formed directly by incomplete combustion and the pyrolysis of fossil 
fuels and biomass, or indirectly from the homogenous and heteroge-
neous reactions of parent PAHs with gaseous oxidants, such as ∙OH, O3 
and NOx (Bandowe and Meusel, 2017). The formation and composition 
profiles of these PAH derivatives have been determined based on com-
binations of several potential sources, such as incomplete combustion 
and the pyrolysis of fossil fuels and biomass, vehicle exhaust emissions 
and secondary formation via photochemical reactions (Walgraeve et al., 
2010; Wei et al., 2012; Bandowe and Meusel, 2017). The atmospheric 
occurrence and distribution of NPAHs have widely been reported, 
including PM2.5 bound NPAHs in both urban and rural ambient envi-
ronments, with measured concentrations typically 2–3 orders of 
magnitude lower than their corresponding parent PAH (Du et al., 2018; 
Wei et al., 2015; Wang et al., 2017; Zhang et al., 2018). Residential 
wood combustion is a significant source of PAH derivatives in devel-
oping countries (Shen et al., 2012). In addition, NPAHs have also been 
identified in fine particles from diesel vehicle exhaust emissions (Pham 
et al., 2013; Garcia et al., 2014). Relatively high concentrations of 
NPAHs have previously been reported at an e-waste site in Southern 
China, suggesting both direct emission and secondary formation sources 
(Wei et al., 2012). However, limited data is available on the pollution 
characteristics of OH-PAHs in the atmosphere (Barrado et al., 2012; Lin 
et al., 2015; Ma et al., 2016). The sources of atmospheric OH-PAHs are 
not well understood, but they may be related to traffic emissions and 
secondary formation in warm seasons when heating sources are not 
widely used, or biomass burning during cold seasons when heating is 
required (Lin et al., 2015). Biomass burning has been reported to be the 
dominant source of OH-PAHs in PM2.5 in Hong Kong (Ma et al., 2016). 
The occurrence of OH-PAHs has also been investigated in surface soils in 
Southern China, indicating that they may be derived from the break-
down of their parent PAHs in the atmosphere and/or soil (Gao et al., 
2019). OH-PAHs also serve as biomarkers for human exposure to mul-
tiple classes of PAHs and have frequently been detected in human bio-
logical samples such as hair, nails and urine (Lu et al., 2016; Lin et al., 
2019; Lin et al., 2020; Ma et al., 2021). High concentrations of OH-PAHs 
have also been reported in occupational exposure groups, such as 
e-waste facility workers (Lu et al., 2016; Lin et al., 2019). However, the 
occurrence and distribution of these metabolites in the atmospheric 
environment of e-waste processing sites remains unclear. 

The gas-particle partitioning (Shen et al., 2012; Wei et al., 2015; 
Zhang et al., 2018), particle phase size distribution (Du et al., 2018) and 
seasonal variation (Wei et al., 2012; Bandowe et al., 2014) of PAH de-
rivatives have also been reported. In general, a higher proportion of 
NPAHs tend to exist in the particulate phase than their parent PAHs, 

which might be related to the greater polarity, higher molecular weight 
and lower vapor pressure of these derivatives (Shen et al., 2012; Zhang 
et al., 2018). Nearly 90% of NPAHs were associated with PM2.5 particles, 
and ultrafine particulate matter (PM1.0, diameter <1.0 μm) over winter 
months (Du et al., 2018). However, studies have indicated that these 
gaseous compounds accounted for 29–44% of the total health risk in 
March and September from an urban site in Xi’an, central China (Wei 
et al., 2015). The changes in concentrations between the gaseous and 
particulate forms of PAH derivatives exhibit significant seasonal varia-
tions, with higher levels observed in colder winter periods than in 
warmer summer periods (Barrado et al., 2012; Wei et al., 2012; Ban-
dowe et al., 2014). The spatial and seasonal variation in these pollutants 
is also significantly affected by meteorological conditions, such as the 
ambient temperature, humidity, atmospheric pressure and wind speed 
(Bandowe et al., 2014). However, comprehensive data is lacking for the 
emission, distribution and deposition of PAH derivatives from e-waste 
processing sites. 

In the present study, the atmospheric occurrence of NPAHs and OH- 
PAHs were investigated in gas phase and atmospheric particulate matter 
(PM2.5, PM10 and TSP) samples collected over three consecutive years at 
a typical e-waste disposal site from southern China. The spatial and 
temporal (including seasonal) variability of the target PAH derivatives 
were analyzed and correlations between the concentrations of NPAHs 
and OH-PAHs in atmospheric emissions from e-waste treatment were 
investigated over three consecutive years. In addition, the variations in 
these target PAH derivatives were also analyzed to determine possible 
sources, especially for the secondary emission of NPAHs via photo-
chemical formation. 

2. Materials and methods 

2.1. Sample collection 

This study was carried out at a typical e-waste dismantling site in 
Southern China in the April, July, November of 2015, and January of 
2016 representing the four seasons, and in November of 2016 and 2017 
representing autumn, respectively. A detailed description of the air 
sampling dates, temperature, relative humidity, wind direction and 
wind speed are provided in the supporting information (SI) (Table S1), 
as well as a map of the study area showing the location of sampling sites 
(Fig. 1). Briefly, air samples were collected at a typical e-waste 
dismantling industrial park (EP, 23◦19′41′′N, 116◦21′43′′E) and its 
surrounding area within a 1 km distance, including a roadside (RS, 
23◦21′25′′N, 116◦23′06′′E) and a residential area (RA, 23◦19′08′′N, 
116◦20′49′′E). The e-waste dismantling industrial park (EP) covers an 
area of 300, 000 m2, with both the raw e-waste and valuable recycled 
materials being transported by heavy-duty diesel vehicles. The emission 
of e-waste pollutants has been shown to mainly originate from recycling 
waste plastics by the formation of granules, as well as the melting of tin 
of waste printed circuit boards using muffle furnaces for the recycling of 
valuable electronic components (Ma et al., 2022). The use of coal or 
wood burning stoves, open-air burning and acid baths to recover valu-
able materials from e-waste, have been banned since the EP became 
operational at end of 2013. A village (VS, 23◦17′49′′N, 116◦20′55′′E) 4 
km away from EP site was selected as the control site, in which the 
resident mainly used electricity and natural gas for their daily energy 
supply. For comparison, a sampling site in Guangzhou (GZ, 23◦08′49′′N, 
113◦21′29′′E) was selected to represent the pollution characteristics 
from an urban area in Southern China that is located a significant dis-
tance (400 km) from the EP site. 

A detailed description of the sampling methods used have been 
described in a previous study (Chen et al., 2019). Briefly, particulate 
matter samples, including PM2.5, PM10 and TSP, as well as their corre-
sponding gaseous samples, were collected simultaneously by drawing 
air through quartz fiber filters (QFFs, 20.3 cm × 25.4 cm, Whatman, UK) 
followed by polyurethane foams (PUF) plugs, using high-volume air 
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samplers (Guangzhou Mingye Instrument Plant, China), at a flow rate of 
0.3 m3 min− 1 and a height of 1.5–2 m above the ground. The sampling 
time is 8 h in the daytime with three samples collecting at each sampling 
sites. After collection, the samples were wrapped in pre-cleaned 
aluminum foil, sealed in zip-locked polyethylene bags stored in the 
dark at − 20 ◦C prior to analysis. 

2.2. Sample extraction and instrumental analysis 

Standards of nine NPAHs (9-NAnt, 3-NPhe, 2-NFluA, 3-NFluA, 1- 
NPyr, 2-NPyr, 7-NBaA, 6-NChr, 6-NBaP) and twelve OH-PAHs (1- 
OHNap, 2-OHNap, 2-OHFlu, 3-OHFlu, 9-OHFlu, 1-OHPhe, 2-OHPhe, 3- 
OHPhe, 4-OHPhe, 9-OHPhe, 1-OHPyr, 6-OHChr, 3-OHBaP) isomers 
were purchased from AccuStandard (New Haven, CT, US), Chiron AS 
(Trondheim, Norway), Toronto Research Chemicals (North York, ON, 
Canada) and Dr. Ehrenstorfer GmbH (Augsburg, Germany). Isotopically 
labeled standards were obtained from Cambridge Isotope Laboratories 
(Andover, MA, US). Additional details are provided in the SI (Table S2). 

The analytical methods employed were based on those reported in 
previous studies (Chen et al., 2019; Liu et al., 2020), with the procedures 
used for the extraction, cleanup and purification of samples described in 
detail in the supporting information (Text S1). The analysis of NPAHs 
was carried out using an Agilent 7890B gas chromatography coupled 
with a 5977B mass spectrometer (GC-MS) in electron capture negative 
ionization mode. OH-PAHs were quantified using an Agilent 1260 liquid 
chromatography system coupled with a 6470 triple quadrupole mass 
spectrometer (LC-MS/MS) with electron spray ionization in multiple 
reaction monitoring mode. A detailed description of these procedures is 
provided in the SI (Text S1). 

2.3. Quality assurance and quality control 

A procedural blank and a spiked sample were processed for every 
batch of ten field samples, with the target analytes confirmed to be 
nondetectable in blank samples. The relative standard deviation (RSD) 
of target compounds in the standard spiked samples and surrogate field 
samples standards were <10%. The recovery of target compounds in the 
standard spiked samples and surrogate standards in field samples ranged 
from 78.2% to 122% (Table S3). Therefore, the concentration of target 
compounds in all field samples were not corrected according to the 
surrogate standards. A seven-point calibration was used to quantify each 
individual compound and the regression coefficients (R2) of all cali-
bration curves were ≥0.99. The limits of detection for the method 
(mLOD) ranged from 1.7 to 9 pg m− 3 and from 1.7 to 83 pg m− 3 for each 
NPAH and OH-PAH isomer, respectively, with mLOD values provided in 

Table S3. 

2.4. Statistical analysis 

Source apportionment of the derivatives of PAHs was carried out 
using principal component analysis (PCA) in combination with specific 
diagnostic ratios for individual isomers. The Kolmogorov-Smirnov test 
was used to determine a normal distribution, with groups that did not 
meet the normality assumption compared using a nonparametric test. 
The differences in target analyte concentrations between the two groups 
were analyzed using the Mann-Whitney U test, while the Pearson cor-
relation coefficient (R) was used to determine the correlations between 
concentrations of NPAHs or OH-PAHs and their parent PAH. All statis-
tical analysis was carried out using SPSS v.13.0 software, with p < 0.05 
indicating statistically significant differences. Values below the limit of 
quantification for the method (mLOQ) but above the mLOD, were 
assigned a value of mLOQ/2. 

3. Results and discussion 

3.1. Spatial distribution of NPAHs and OH-PAHs in TSP, PM10 and 
PM2.5 

As shown in Fig. 2, the concentration ranges of the total NPAHs and 
OH-PAHs (TSP plus gaseous phase) at the EP sites were 46.6–142 and 
75.9–291 pg m− 3, respectively, with higher concentration of OH-PAHs 
than NPAHs potentially ascribed to the contribution from hydrox-
ynaphthalene. Nevertheless, the concentrations of both NPAHs and OH- 
PAHs were lower than their corresponding parent PAH (25.9–88.7 ng 
m− 3) in the same samples, indicating a difference of 2–3 orders of 
magnitude (Chen et al., 2019). The highest concentration (TSP plus 
gaseous phase) of NPAHs was found at the RS site, with a median con-
centration of 142 pg m− 3, followed by EP, RA, GZ and VS sites, with 
median concentrations of 131, 65.6, 57.4 and 46.6 pg m− 3, respectively. 
In contrast to the spatial distribution of NPAHs, the concentrations of 
OH-PAHs were highest at the EP site, followed by RS, VS, RA and GZ, 
with median concentrations of 291, 170, 133, 92.7 and 75.9 pg m− 3, 
respectively. The concentrations of NPAHs and OH-PAHs at the EP and 
RS sites were significantly higher than those at typical urban site of GZ 
(Mann-Whitney U test, p < 0.05). Furthermore, non-significant differ-
ences were observed between NPAH and OH-PAH concentrations at the 
RA and GZ sites (p > 0.05). This indicates that at the EP site, e-waste 
dismantling is an important source of NPAHs and OH-PAHs, while at the 
RS site, traffic emissions were the main source of NPAHs and OH-PAHs, 
as the RS site is next to a main road outside of the e-waste disposal 

Fig. 1. Map of the study area showing location of sampling sites.  
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industrial park. 
Limited data is available on the occurrence of PAH derivatives in 

atmospheric samples from other EP sites. However, the concentrations 
of NPAHs found in the present study were slightly lower than the con-
centrations of PM2.5-bound NPAHs reported at another EP site in Qin-
gyuan (Southern China), which reported concentrations ranging from 
40.9 to 645 pg m− 3 (Wei et al., 2012). However, the concentrations of 
PM2.5-bound NPAHs found at EP sites in Southern China were lower 
than those reported in urban air in Xi’an (Wei et al., 2015; Wang et al., 
2017), rural air in Shanxi (Du et al., 2018), as well as in urban, moun-
tainous and marine sites in Shandong (Zhang et al., 2018) (Northern 
China), which have been found to mainly originate from coal and 
biomass combustion. The concentrations of NPAHs in the present study 
were also lower than those reported for a rural site in the Pearl River 
Delta region (China) (Huang et al., 2014a, 2014b). The PM2.5-bound 
concentrations of NPAHs at the EP site in the present study were similar 
to these nonpoint source reported for Sapporo, Kanazawa, Tokyo, 
Sagamihara and Kitakyushu in Japan, with NPAH concentrations 
ranging from 0.5 to 141 pg m− 3 detected from 1997 to 2014 (Hayakawa 
et al., 2018), but were higher than those reported for Oregon (US) with 
concentrations <15 pg m− 3 (Lafontaine et al., 2015). Unfortunately, no 
data is available for comparison of atmospheric OH-PAHs at the EP site. 
The concentrations of PM2.5-bound OH-PAHs in this study were similar 
to those reported for an urban site in Hong Kong, with a median con-
centration of 31.6 pg m− 3 (Ma et al., 2016). The results of the present 
study indicate that primitive e-waste disassembly is an important source 
of OH-PAH emissions in Southern China, although the measured con-
centrations are far lower than those produced by coal and biomass 
combustion heating in Northern China during winter periods (Wei et al., 

2015; Wang et al., 2017; Du et al., 2018). 
The concentrations of NPAHs in the particle phase of TSP, PM10 and 

PM2.5 were 29.9–95.6, 26.4–92.8 and 20.1–88.8 pg m− 3, respectively, 
while the concentrations of OH-PAHs were 41.6–145, 38.9–114 and 
37.1–107 pg m− 3, respectively (Fig. 2). These results show that a ma-
jority of detected NPAHs (76.9%–95.1%) and OH-PAHs (73.3%–91.6%) 
were associated with PM2.5. Similar distribution patterns have previ-
ously been reported for PAHs in atmospheric particulates of the same 
samples (Chen et al., 2019). Overall, 60.1%–73.5% of NPAHs were 
detected in the particulate phase at all the sampling sites except RA, 
which had a relatively higher proportion of NPAHs in the gaseous phase, 
potentially due the influence of e-waste emissions, as the spatial diffu-
sion of NPAHs is faster in the gaseous phase. Similar results have also 
been reported for the atmosphere of the Pearl River Delta (PRD) in 
Southern China, with 76.6% of PAHs existing in the particle phase 
(Huang et al., 2014a, 2014b). These results indicate that a majority of 
atmospheric NPAHs are associated with PM2.5. In contrast, only 39.5%– 
50.0% of OH-PAHs were found to exist in the particle phase, suggesting 
that these derivatives are more uniformly distributed between the gas 
phase, which may be due to hydroxynaphthalene, as the predominated 
compound of total OH-PAHs, easier distributed in the gas phase. 

The isomers 9-NAnt and 2-NFluA were the most abundant NPAHs, 
accounting for 66.7%–74.4% of total NPAHs (Fig. 3). Among all NPAHs, 
9-NAnt and 3-NPhe exhibited the highest concentrations in the gas 
phase, accounting for 81.8%–92.1% of total gaseous NPAHs (Fig. S1). In 
the particle phase, 9-NAnt, 2-NFluA and 2-NPyr exhibited the highest 
concentrations, accounting for 82.6%–89.5% of total NPAHs. Similar 
results have been reported at rural sampling sites in the Pearl River Delta 
of Southern China (Huang et al., 2014a, 2014b). Among OH-PAHs, the 

Fig. 2. Concentrations of NPAHs and OH-PAHs in particulate (TSP, PM10, and PM2.5) and in gaseous phases at different sampling sites.  
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concentrations of 2-OH-Nap, 2-OH-Phe, 3-OH-Phe and 1-OH-Pyr were 
highest, accounting for 64.1%–67.2% of total OH-PAHs (Fig. 3). In the 
gas phase, the concentration of 2-OH-Nap was highest, accounting for 
58.7%–69.2% of total OH-PAHs. In the particle phase, the concentra-
tions of 2-OH-Phe, 3-OH-Phe and 1-OH-Pyr were relatively high, ac-
counting for 65.1%–86.5% of total OH-PAHs. 

In terms of gas and particle phase distribution, the 3-ring NPAHs 
were equally distributed in both gas and particle phases, while 4–5 ring 
NPAHs were mainly distributed in the particle phase. Similar results 
have been observed for OH-PAHs, with isomers containing 3–4 rings 
associated with the particle phase. Compared to their corresponding 
parent PAHs, NPAHs and OH-PAHs have larger molecular weights and 
are more polarized due to the electronic effects of substituents, resulting 
in a tendency to more easily adhere to particulate matter (Huang et al., 
2014a, 2014b). Therefore, NPAHs and OH-PAHs with fewer than three 
benzene rings tend to be distributed in the gas phase, while derivatives 
with three or more benzene rings tend to be distributed in the particle 
phase, especially in fine particulate matter. 

3.2. Temporal trends of NPAHs and OH-PAHs in TSP 

At the EP site, air samples contained significantly higher concen-
trations of NPAHs (TSP plus gaseous phase) in the spring season of 2015, 
with a mean concentration of 236 pg m− 3 (n = 3), while in summer, 
autumn and winter the mean concentrations were 55.5, 92.1 and 93.7 
pg m− 3, respectively (Fig. S2). In the autumn period from 2015 to 2017, 
the atmospheric concentration of NPAHs at the EP site increased grad-
ually, with mean concentrations in autumn of 2016 and 2017 of 106 and 
183 pg m− 3, respectively. The seasonal and annual trends in atmo-
spheric NPAH concentrations at the other four sampling sites were 
similar to those at the EP site (Fig. S2), indicating that NPAHs at the RA, 
VS and RS sites may be affected by diffusion from the EP site. In addition 
to the impact of primitive e-waste processing emissions, NPAH con-
centrations at the RS site may be affected by vehicular emissions. 
Similarly, NPAH concentrations at the GZ site may be related to traffic 
emissions, as vehicle exhaust emissions are a main source of NPAHs in 
urban air. 

The atmospheric concentration of OH-PAHs (TSP plus gaseous 
phase) measured at the EP site were highest in the spring of 2015 at 470 
pg m− 3, followed by winter, summer and autumn, with mean concen-
trations of 340, 172 and 155 pg m− 3, respectively (Fig. S2). The atmo-
spheric concentration of OH-PAHs in the autumn of 2016 was higher at 
the EP site (498 pg m− 3) than in the autumn of 2015 (155 pg m− 3), then 
decreased by 235 pg m− 3 in the autumn of 2017. The seasonal and 

annual changes in OH-PAH concentrations at the EP site were similar to 
those previously reported for PAHs (Chen et al., 2019) and might be 
affected by the primitive e-waste recycling activities. As shown in 
Fig. S2, the annual trend of variation in atmospheric OH-PAH concen-
trations at the other four sampling sites were similar to the trend 
observed at the EP site. In particular, the seasonal variations of OH-PAH 
at the RA and RS sites were most similar to the EP site, with concen-
trations ranging from 59.1 to 111 pg m− 3 and 96.6–142 pg m− 3, 
respectively, ranked in descending order from spring > winter >
autumn > summer. Similar to NPAHs, higher concentrations of 
OH-PAHs in spring at the RS site may be derived from traffic emissions 
in addition to e-waste sources. Further, the relative humidity (78–86%) 
in spring at the time of sampling is higher than that in other seasons, 
while the wind speed (6–8 km/h) is lower than that in other seasons, 
which could affect the diffusion of pollutants, resulting in higher con-
centrations of NPAHs and OH-PAHs observed. The OH-PAH concentra-
tions at the VS site ranged from 96.6 to 142 pg m− 3 and were ranked in 
descending order from spring > summer > autumn > winter. The level 
of atmospheric pollution observed at the GZ site was similar to the VS 
site, with OH-PAH concentrations decreasing from spring to winter, 
ranging from 31.8 to 107 pg m− 3, which might due to the influence of 
anthropogenic activities. 

3.3. NPAH and OH-PAH source identification 

Since the atmospheric concentrations of FluA and Pyr were compa-
rable (Chen et al., 2019) in the same samples, the ratio of 2-NFluA to 
1-NPyr and 2-NPyr can be used to determine whether NPAHs mainly 
originate from combustion sources or photochemical transformation 
(Arey et al., 1986; Atkinson et al., 1990; Bandowe and Meusel, 2017). As 
shown in Fig. 4, most of the 2-NFluA/1-NPyr ratios measured at the EP 
site were below 5 (except in autumn), indicating that the formation of 
NPAHs at the EP site mainly originated from combustion sources. The 
ratios of 2-NFluA/2-NPyr at the EP site were all close to 10, indicating 
that the formation of NPAHs occurred mainly through the reaction with 
⋅OH radicals. The distribution of 2-NFluA/1-NPyr and 2-NFluA/2-NPyr 
ratios at the RS and RA sites was similar to the EP site, indicating that 
these areas were affected by similar sources. However, the 2-NFluA/2-N-
Pyr ratio distribution at RA site was different from other sites, especially 
in autumn and winter seasons. This might be derived from relatively 

Fig. 3. Composition profiles of NPAH (a) and OH-PAHs (b) in the atmospheric 
samples collected at different sampling sites. 

Fig. 4. The concentration ratios of 2-NFluA/1-NPyr (a) and 2-NFluA/2-NPyr 
(b) at different sampling sites. 
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lower concentrations of target NPAHs found in RA site. In addition, the 
variation pattern with deviation from the average value might also 
result in the different ratio distribution. In contrast, the 2-NFluA/1-NPyr 
ratio distribution at the VS and GZ sites was different from the EP site, 
indicating NPAHs emitted at VS and GZ originated mainly from sec-
ondary emissions, via the ⋅OH radical pathway. The EP site was located 
within the e-waste dismantling industrial zone, with primitive e-waste 
dismantling activities, such as the heating of circuit boards and motor 
vehicle transportation of e-waste materials, potentially being the major 
source of NPAHs. As the RA site was in a road side location next to the EP 
park, NPAH concentrations may be affected by e-waste emissions and 
dispersion, as well as local traffic sources. The VS and GZ sites were 
located in rural and urban residential areas, respectively, with the for-
mation of NPAHs at these sites dominated by secondary sources rather 
than by direct combustion source emissions. 

The source of atmospheric NPAHs in the study area was further 
analyzed by principal component analysis (PCA). At the EP site three 
principal components (PC1, PC2, PC3) were identified, accounting for 
80.1% of the total variance (Table S4). PC1 explained 47.1% of the total 
variance, mainly consisting of 9-NAnt, 3-NPhe and 3-NFluA. Studies 
have shown that 3-NPhe is produced from incomplete coal combustion, 
while 9-NAnt and 3-NFluA are established markers of biomass com-
bustion (Lin et al., 2015; Bandowe and Meusel, 2017). It has previously 
been reported that PAH fingerprints derived from primitive e-waste 
dismantling activities are similar to those from coal and biomass com-
bustion sources, mainly due to the fact that plastic e-waste components 
are also composed of petrochemical products (Chen et al., 2019). 
Therefore, PC1 was attributed mainly to e-waste disassembly processing 
emissions. PC2 explained 21.6% of the total variance, mainly consisting 
of 2-NFluA, which is an established marker of PAH photochemical re-
actions (Arey et al., 1989; Atkinson et al., 1990). PC3 explained 11.4% 
of the total variance and may originate from traffic emissions as it 
consisted mainly of 6-NChr, which is consistent with the previously 
reported vehicle emission characteristics of 6-NChr (Alves et al., 2016). 
For the RS, VS, and GZ sites, three principal component factors were also 
identified, with the RA site found to be influenced by two distinct 
principal component factors. Similar to the EP site, NPAHs are found to 
mainly derive from primitive e-waste disassembly processes (PC1) at 
sites within short-range of the e-waste dismantling (RS, VS and RA). In 
contrast, at the GZ site, NPAHs were found to mainly originate from 
traffic emissions (PC1), while photochemical reactions (PC2) and coal 
and biomass burning (PC3) contributed relatively little to atmospheric 
NPAH levels at GZ. 

A multivariate linear regression method (full detail is given in Text 

S2) was also used to calculate the contribution of each principal 
component factor to the total concentration of NPAHs at each sampling 
site. As shown in Fig. 5, at the EP site, the contributions of factor 1 (e- 
waste disassembly process), factor 2 (photochemical reaction) and fac-
tor 3 (traffic emissions) to the total concentration of NPAHs were 78.2%, 
20.3% and 1.5%, respectively. At the VS site, the contributions of factor 
1, factor 2 and factor 3 to the total concentration of NPAHs were 38.7%, 
49.6% and 11.7%, respectively, while at the RA site, the contributions of 
factors 1 and 2 to total NPAH concentrations were 56.1% and 43.9%, 
respectively. This indicates that the EP site was affected by a combina-
tion of atmospheric pollutant diffusion, photochemical reactions and 
other local pollution sources. NPAHs at the RA and VS sites also origi-
nated from emissions and diffusion from the processing of e-waste as 
these sites were located in the area close to the EP site, where e-waste 
disassembly takes place. The results for the RS site were similar to those 
for the GZ site, with the contributions of factors 1, 2 and 3 being 36.0%, 
12.6% and 51.4%, respectively at the RS site and 15.1%, 26.4% and 
58.6% at the GZ site. Although NPAHs at the RS site were also affected 
by the processing of e-waste, traffic emissions were found to be the 
major source. NPAHs at the GZ site were also found to originate mainly 
from traffic emissions and atmospheric photochemical reactions. These 
PCA results were generally consistent with the results obtained from the 
specific NPAH diagnostic ratios used to discriminate between emission 
sources. Both methods show that NPAH emissions from e-waste 
dismantling activities in a typical e-waste site are commonly mixed with 
other sources, such as photochemical reactions and traffic emissions. 
Due to the lack of information on OH-PAH markers emitted from 
different pollution sources and the corresponding special diagnostic 
ratios, the sources of OH-PAHs were not analyzed in this study. 

3.4. Correlation analysis for NPAHs with PAHs and OH-PAHs 

Among all target NPAHs and OH-PAHs, only the concentrations of 1- 
NPyr exhibited significant differences between sampling sites with 
different sources (Mann-Whitney U test, p = 0.034). In particular, for 
sampling sites where NPAHs were derived from primary sources, the 
concentrations of 1-NPyr were significantly higher than at sites with 
NPAHs originating from both primary and secondary sources, which was 
consistent with a previous report finding that 1-NPyr mainly originated 
from primary emissions (Shen et al., 2012). To further analyze the 
correlations between Pyr, 1-NPyr and 1-OHPyr, previously reported 
PAH data was also considered (Chen et al., 2019), as shown in Fig. 6. 
Results indicated that 1-NPyr was moderately correlated with Pyr (p =
0.041, R = 0.483), while being strongly correlated with 1-OHPyr (p =

Fig. 5. Source contributions (%) of NPAHs at different sampling sites.  
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0.000, R = 0.728). At sampling sites where primary emissions were the 
main source, 1-NPyr was strongly correlated with 1-OHPyr (p = 0.005, 
R = 0.839), while at sampling sites where secondary sources dominated, 
these two derivatives showed little correlation (p > 0.05). This may be 
due to 1-OHPyr being produced from primary emission sources, such as 
incomplete combustion (Simoneit et al., 2007; Avagyan et al., 2016), as 
well as from photochemical reactions (Miet et al., 2009). 1-NPyr mainly 
originates from primary emission sources, while photochemical re-
actions contribute very little (Zimmermann et al., 2012). In addition, 
1-OHPyr can be photochemically produced from 1-NPyr (van den 
Braken-van Leersum et al., 1987), which would influence the correlation 
between these derivatives when secondary emission sources were 
dominant. Therefore, in the e-waste dismantling area examined in the 
present study, significant linear relationships were observed between 
1-NPyr and 1-OHPyr at sampling sites affected by primary emission 
sources, while no correlation was found at sites affected by secondary 
sources. 

In addition, analysis of 2-NPyr correlations with Pyr and 1-OHPyr 
showed that 2-NPyr was moderately correlated with Pyr (p = 0.007, 
R = 0.572) and strongly correlated with 1-OHPyr (p = 0.000, R =
0.906), irrespective of whether the NPAHs were derived from primary or 
secondary emission sources. This is consistent with previously reported 
results from a simulation chamber study, showing that 2-NPyr was 
mainly generated through the gas phase reaction of 1-OHPyr, and the 
reaction mechanism involved in the initially formation of OH adduct of 
pyrene as intermediate (Arey et al., 1989; Atkinson et al., 1990). Simi-
larly to 2-NPyr, 2-NFluA was also found to be significantly linearly 
correlated with FluA (p = 0.000, R = 0.730) (Fig. 6). 2-NFluA and FluA 
were shown to be strongly correlated (p < 0.01) irrespective of whether 
their sources were primary or secondary, which may be because 
2-NFluA is mainly produced by gas phase photochemical reactions (Arey 
et al., 1989; Atkinson et al., 1990). 

Other target NPAHs observed in this study included 9-NAnt, 3-NPhe, 
7-NBaA, 6-NChr and 6-NBaP, which can be produced from either pri-
mary (Shen et al., 2012; Shen et al., 2013; Alves et al., 2016; Vicente 
et al., 2016) or secondary sources (Jariyasopit et al., 2014a, 2014b; 
Cochran et al., 2016). A strong level of correlation was observed be-
tween 9-NAnt and Ant (p = 0.001, R = 0.669), as shown in Fig. 7. At 
sampling sites where primary emission sources dominated, 9-NAnt 
continued to be strongly correlated with Ant (p = 0.012, R = 0.789), 
while this correlation became weaker at sampling sites where secondary 
sources dominated (p = 0.049, R = 0.598). This indicates that 9-NAnt is 
produced more by primary emission sources in the atmospheric envi-
ronment, which is consistent with the previous results of Lin et al. 
(2015). 

Correlation analysis between 3-NPhe and Phe, 2-OHPhe, 3-OHPhe, 
4-OHPhe and 1-OHPhe/9-OHPhe, showed that 3-NPhe was strongly 
correlated with Phe (p = 0.000, R = 0.708) and moderately correlated 
with 2-OHPhe, 3-OHPhe, 4-OHPhe and 1-OHPhe/9-OHPhe (p < 0.05, R 
= 0.422–0.527) (Fig. 7 and S3). For the sampling sites where primary 
emission sources were dominant, 3-NPhe was also found to be signifi-
cantly correlated with Phe and OHPhe (p < 0.05, R = 0.425–0.705), 
indicating that 3-NPhe, 2-OHPhe, 3-OHPhe, 4-OHPhe and 1-OHPhe/9- 
OHPhe could be generated by the same primary emission sources, 
which is consistent with the reports of Shen et al. (2012) and Avagyan 
et al. (2016). At the sampling site where secondary sources were 
dominant, the degree of linear correlation between 3-NPhe and Phe was 
stronger than at sampling sites where primary sources were dominant (p 
= 0.011, R = 0.730), indicating that atmospheric 3-NPhe was mainly 
derived from photochemical reactions. These results were similar to the 
findings of Lin et al. (2015). However, correlation analysis indicated that 
3-NPhe was independent of the four OHPhe isomers, which may be due 
to the formation of 3-NPhe from nighttime reaction of Phe with ⋅NO3 
radicals, rather than from the ⋅OH radical reaction initiated during 

Fig. 6. Correlations between 1-OHPyr and 1-NPyr (a: total; b: predominantly primary or secondary sources, respectively), 1-OHPyr and 2-NPyr (c), and 2-NFluA and 
FluA (d) at the e-waste dismantling area. 
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daytime (Arey et al., 1989; Jariyasopit et al., 2014a, 2014b). 
A significant correlation was also observed between 7-NBaA and 

BaA, 6-NChr and Chr, 6-NBaP and BaP (p < 0.05) (Table 1), although the 
degree of correlation was relatively weak compared to isomers with 
fewer benzene rings (R = 0.500–0.543). This may be due to the fact that 
BaA, Chr and BaP were mainly distributed in the particle phase, with 
heterogeneous photochemical reactions producing less nitrated de-
rivatives (Zimmermann et al., 2013; Jariyasopit et al., 2014a, 2014b). In 
addition, 7-NBaA, 6-NChr and 6-NBaP can also be produced by different 
primary sources, such as traffic emissions, biomass combustion and coal 
combustion (Yang et al., 2010; Huang et al., 2014a, 2014b; Bandowe 
and Meusel, 2017). The mixture of emissions sources may lead to a 
relatively weaker level of correlation between these high molecular 
weight PAHs and their nitrated derivatives. 

In summary, atmospheric emissions in e-waste dismantling areas 
contained NPAHs, such as 2-NFluA and 2-NPyr, which are mainly pro-
duced by secondary photochemical reactions with ⋅OH radicals, but 
were associated with corresponding PAHs and OH-PAHs, at sampling 
sites dominated by either primary or secondary sources. Although 
emissions from combustion were the main source identified at sampling 
sites dominated by primary emission sources, atmospheric photochem-
ical reactions still existed. For NPAHs mainly produced from direct 
discharge into the atmosphere, their occurrence was positively corre-
lated to the level of corresponding parent PAH present. For NPAHs 
contributing to both primary and secondary sources, a significant cor-
relation with the corresponding parent PAH was obtained. 

4. Conclusions 

This study includes comprehensive analysis of the atmospheric 
occurrence, distribution and seasonal variations (and annual variations) 
in NPAHs and OH-PAHs from a typical e-waste dismantling site. 
Significantly higher concentrations of NPAHs and OH-PAHs were found 
in air samples collected near the e-waste dismantling site, indicating that 
primitive e-waste dismantling activities were the major source of these 
pollutants. The concentrations of NPAHs and OH-PAHs were slightly 
higher in spring and winter than in summer and autumn. The target 
atmospheric NPAHs mainly existed in the particulate phase, while the 
target OH-PAHs were almost equally distributed between the gaseous 
and particulate phases. In addition, more than 73.3% of all particle- 
bound PAH derivatives were associated with PM2.5. The application of 
specific diagnostic ratios in combination with principal component 
analysis, identified the three major emission sources of NPAHs as e- 
waste dismantling and processing, atmospheric photochemical reactions 
and traffic emissions. In addition, some isomers of NPAHs, which are 
mainly produced by atmospheric photochemical reactions, exhibited 
significant correlations with their corresponding PAHs and OH-PAHs, 

Fig. 7. Correlations between 9-NAnt and Ant, 3-NPhe and Phe (a or c: total; b or d: predominantly primary or secondary sources, respectively) at the e-waste 
dismantling area. 

Table 1 
Correlation coefficient and p values of observed lg NPAHs, lg PAHs and lg OH- 
PAHs.   

Source lg 7-NBaA lg 6-NChr lg 6-NBaP 

lg BaA  0.500*   
1 0.521*   
2 0.423*   

lg Chr   0.516*  
1  0.476*  
2  0.531*  

lg BaP    0.543* 
1   0.513* 
2   0.521* 

lg 6-OHChr   –  
1  –  
2  –  

lg 3-OHBaP    – 
1   – 
2   –  
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allowing their successful used for source apportionment analysis. For the 
OH-PAHs, this study was the first to investigate their atmospheric 
occurrence and fate in e-waste dismantling sites and the surrounding 
areas. Results showed that OH-PAHs may originate from a primary 
emission source or be generated from atmospheric photochemical re-
action products or intermediates. However, comprehensive research is 
needed to clarify the potential application of OH-PAHs as source iden-
tification markers. 
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