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• Aerobic sludge cultures degrade high
concentrations of TPHP, TBOEP and
TNBP quickly.

• Possible aerobic biotransformation
pathways for the three OPEs were pro-
posed.

• Di-alkyl phosphateswere quantitated as
the most predominant transformation
products for OPEs.

• Klebsiella involved in the biodegradation
of non-halogenated OPEs in sludge
culture.
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The degradation by bacteria has been considered themain process for eliminating nonhalogenated organophos-
phate esters (OPEs) from wastewater treatment plants (WWTPs), but limited research has reported the biodeg-
radation processes and clarified the microbial-mediated mechanisms for nonhalogenated OPE degradation in
WWTPs. The aim of this study was to monitor the biodegradation of the most common nonhalogenated OPEs,
namely, tris(2-butoxyethyl) phosphate (TBOEP), tris (n-butyl) phosphate (TNBP) and trisphenyl phosphate
(TPHP), under aerobic conditions by sludge cultures from a conventional sewage plant. The microbial cultures
were enriched separately with each OPE from activated sludge cultures, and the presence of glucose significantly
enhanced degradation of the OPEs during the enrichment. The removal ratios for the three OPEs reached
29.3–89.9% after 5 cycles (25 days) of cultivation, and the first-order degradation kinetics followed the order of
TPHP > TBOEP > TNBP, with their half-lives ranging between 12.8 and 99.0 h. Pathways of hydrolysis, hydroxyl-
ation, methoxylation, and substitution were confirmed for the aerobic biodegradation of these nonhalogenated
OPEs, but only di-alkyl phosphates (DAPs) largely accumulated in culture medium as the most predominant
transformation products. Phylotypes in Klebsiella were significantly more abundant during OPE biodegradation
than in the initial sludge, which indicated that these microorganisms are associated with the biodegradation of
nonhalogenated OPEs in sludge culture. Biodegradation of all investigated nonhalogenated OPEs was associated
with a significant reduction in the residual toxicity to Vibrio fischeri, indicating a rather positive ecotoxicological
outcome of the aerobic biotransformation processes achieved by the enriched sludge culture.
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1. Introduction

Organophosphate esters (OPEs) are a class of emerging contami-
nants with increasing use in flame retardants in recent years after
some brominated flame retardants (BFRs) were phased out due to
their persistence, bioaccumulation and potentially toxic effects (Van
der Veen and de Boer, 2012). Based on their different functional groups,
OPEs can be further classified as halogenated or nonhalogenated OPEs
(Van der Veen and de Boer, 2012). Halogenated OPEs, such as tris(1,3-
dichloroisopropyl) phosphate (TDCIPP) and tris(2-chloroethyl) phos-
phate (TCEP), have been prohibited or restricted in children's products
and residential upholstered furniture in the USA (Lalovic et al., 2004).
In the EU, restrictions on the use of TDCIPP and tris(chloropropyl) phos-
phate (TCPP) have also been issued because of their carcinogenic po-
tency (ECHA, 2008a; ECHA, 2008b). The restriction of halogenated
OPEs has prompted the development of nonhalogenated OPEs, includ-
ing tris(2-butoxyethyl) phosphate (TBOEP), tris(n-butyl) phosphate
(TNBP) and trisphenyl phosphate (TPHP).

Because nonhalogenated OPEs are not chemically bound to hostma-
terials, they can be rapidly released into their surrounding environment
(Van der Veen and de Boer, 2012). Considerable levels of nonhaloge-
nated OPEs have been foundworldwide in various aquatic environment
matrices, such as surface water (Andresen et al., 2004; Cristale et al.,
2013; Wang et al., 2015), sediment (Cao et al., 2012; Chung and Ding,
2009; Giulivo et al., 2017), biota (Brandsma et al., 2015; Hou et al.,
2017; McGoldrick et al., 2014; Su et al., 2015), and sewage effluents/in-
fluents of wastewater treatment plants (WWTPs) (Andresen et al.,
2004; Marklund et al., 2005). In WWTP effluent samples from Spain
(Rodil et al., 2009), Austria (Martínez-Carballo et al., 2007), Canada
(Woudneh et al., 2015), and China (Shi et al., 2016; Xu et al., 2019),
TPHP, TBOEP and TNBP were detected as the major OPE components,
with concentrations up to 10 μg/L. The treated or untreatedwastewater
discharges were presumed to be one of the major entry pathways for
OPEs into the aquatic environment (Pantelaki and Voutsa, 2019). Addi-
tionally, several studies have reported that nonhalogenated OPEs, in-
cluding TBOEP, TNBP, TPHP and other OPEs, can display reproductive
toxicity and endocrine disrupting effects (Liu et al., 2012; Porter et al.,
2014; Van der Veen and de Boer, 2012). TNBP and TPHP were also re-
ported to be neurotoxic to animals and humans (WHO, 1991a; WHO,
1991b). Due to their multiple toxicities and widespread distributions,
the residue of these OPEs in the aquatic environment poses potential
risks to human health and ecological safety.

Nonhalogenated OPEs can be degraded more easily than haloge-
nated OPEs through traditional sewage treatment processes
(Reemtsma et al., 2008). The removal rates of nonhalogenated OPEs
(i.e., TBOEP, TNBP and TPHP) ranged from 57–86%, 38–68.8%, 27–79%
and 20.1–60.7% in typical wastewater treatment plants (WWTPs) in
Germany (Meyer and Bester, 2004), USA (Kim et al., 2017), Sweden
(Marklund et al., 2005) and China (Fu et al., 2017), respectively. In addi-
tion, organophosphate di-esters (di-alkyl phosphates, abbr. DAPs), in-
cluding di-(n-butyl) phosphate (DNBP) and diphenyl phosphate
(DPHP) (metabolites of TNBP and TPHP, respectively), were widely de-
tected in the activated sludge of sewage treatment plants in the USA
(Kim et al., 2017; Wang et al., 2019) and China (Fu et al., 2017; Gao
et al., 2016). These DAPs were expected to be the degradation products
of OPEs based on source analysis (Fu et al., 2017). Therefore, activated
sludge is considered a major degradation medium in WWTPs (Fu
et al., 2017), but no information is available about the pathways and
mechanisms of nonhalogenated OPE degradation.

To date, only limited studies have reported the microbial-mediated
biotransformation processes of nonhalogenated OPEs in WWTPs.
TBOEP, TNBP and other OPEs were classified as aerobically biodegrad-
able in a study conducted by Kawagoshi et al. (2002) using leachate
from a solid waste treatment site, whereas only TPHP showed a rapid
degradation rate under anaerobic conditions. Wei et al. (2018) found
that Brevibacillus brevis could degrade TPHP to DPHP and monophenyl
2

phosphate (MPHP) under aerobic conditions, where cytochrome P450
(CYP) played an important role in the degradation process. However,
some human and animal studies have clarified that the hydroxylation
and other oxidation biotransformation pathways, as well as the hydro-
lysis process from OPEs to DAPs, are significant for OPE degradation
(Gao et al., 2016; Hou et al., 2018; Hou et al., 2016; Van den Eede
et al., 2013). Considering their structural similarities, OPEs may have
similar aerobic microbial biodegradation processes as those of organo-
phosphorus pesticides such as chlorpyrifos, parathion and diazinon, in-
cluding hydrolysis, oxidation, alkylation and dealkylation pathways
(Karpouzas and Singh, 2006).

To the best of our knowledge, there is no report about the possible
pathways and mechanisms of biodegradation processes of the major
nonhalogenated OPEs under aerobic conditions. Thus, the main objec-
tives of this studywere to 1) investigate the degradation kinetics of non-
halogenated OPEs (i.e., TBOEP, TNBP and TPHP) in aerobic cultures
enriched from sludge in the presence of glucose as a cosubstrate;
2) identify the possible degradation products of OPEs and propose
their possible biodegradation pathways in aerobic activated sludge
then evaluate the formation rates of known degradation products, in-
cluding bis(2-butoxyethyl) phosphate (BBOEP), bis(2-butoxyethyl)
hydroxyethyl phosphate (BBOEHEP), bis(2-butoxyethyl) hydroxyl-3-
butoxyethyl phosphate (3-OH-TBOEP), dibutyl-3-hydroxybutyl phos-
phate (3-OH-TNBP), and DPHP; 3) characterize the composition of the
bacterial community associated with the degradation process using
high-throughput sequencing and then propose simple biodegradation
mechanisms; and 4) finally, evaluate acute toxicity during the degrada-
tion processes. These results will provide a fundamental understanding
of the biological removal of nonhalogenated OPEs from wastewater.

2. Material and methods

2.1. Chemicals and reagents

Standards of TPHP, TBOEP, and TNBPwere all purchased from Sigma
Chemical (St. Louis,MO, USA). Themetabolites of OPEs, includingDPHP,
BBOEP, BBOEHEP, 3-OH-TBOEP, DNBP, and 3-OH-TNBP, were obtained
from Toronto Research Chemicals (Toronto, Canada). All solvents used
were of HPLC grade and purchased from Aladdin Industrial Corporation
(Shanghai, China). Purified water (18 MΩ) was prepared using a
Millipore Milli-Q system (Bedford, USA). The other chemicals used in
the biodegradation medium were of analytical grade and purity (J&K
Scientific Ltd., Beijing, China).

2.2. Enrichment of OPE-degrading sludge culture and biodegradation tests

Aerobic sludge samples were collected from the nitrification (aero-
bic) tank of a municipal WWTP in Shenzhen, China, in October 2018,
where the conventional anoxic and aerobic (AO) process was designed
for nitrogen and carbon removal. The mixed sludge samples were col-
lected in amber bottles and transported to the laboratory immediately.
The sludge culture medium contained 2.28 g/L K2HPO4, 0.36 g/L
NaH2PO4, 1.32 g/L (NH4)2SO4, and 0.12 g/L MgSO4 (pH = 7) (Terzic
et al., 2018). Batch experiments were performed with or without 1 g/L
glucose to elucidate the effect of an external carbon supply on the en-
richment processes. The sludge cultures were enriched for each OPE
by mixing 1 g of wet sewage sludge, individual OPEs (3 mg/L TBOEP,
3 mg/L TNBP and 1.5 mg/L TPHP), and 100 mL of mineral salt medium.
The mixed culture media were then incubated at 30 °C on a rotary
shaker in the dark during the experimental period. Aerobic conditions
were maintained by sealing with a permeable film, which can make
sure the concentration of dissolved oxygen (DO) above 1 mg/L during
192 h of incubation (determined by a sterilized DO electrode; HQD40
Hach, USA). Abiotic degradation that spiking of autoclaved biomass
(1 g (w/w) of sludge treated at 121 °C for 20 min) was prepared as
well in the initial incubation cycle. For the follow-up incubation cycles,
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the inoculum was prepared by centrifuging (10,000 ×g, 15 min, 4 °C)
the previously enriched fresh cultures and washing with pure water
three times (Briones et al., 2018). The final inoculum (1 g wet weight)
was added to 100mL of the culturemedium and inoculatedwith the in-
dividual OPE substrates.

After 20 days of cultivation, investigations were performed regard-
ing the biodegradation kinetics and product identification. These exper-
imentswere performed in triplicate under the same conditions, and two
concentrations were set for the individual OPEs (TBOEP-L: 0.3 mg/L and
TBOEP-H: 3 mg/L; TNBP-L: 0.3 mg/L and TNBP-H: 3 mg/L; and TPHP-L:
0.3mg/L and TPHP-H: 1.5mg/L). The adsorption experimentswere con-
ducted using autoclaved biomass (0.1 g (w/w) of final inoculum treated
at 121 °C for 20 min) to test the abiotic absorption of OPEs. Liquid sam-
ples (1.5 mL) were collected periodically, extracted using 1:1 (v/v)
methanol, immediately passed through a 0.22 μm filter (GHP Acrodisc;
PALL, Dreieich, Germany), and stored at −20 °C until determination of
the change inOPE concentrations and possible formation of transforma-
tion products. During the degradation time, the OD600 and TOC of the
medium solution were also monitored. The optical density at 600 nm
(OD600) of the culture medium was measured using a Shimadzu UV-
2700 spectrophotometer (Shimadzu, Kyoto, Japan) to estimate the bac-
terial concentration. The total organic carbon (TOC) in the electrolytes
was determined using a Shimadzu TOC-L analyzer (Shimadzu, Kyoto,
Japan).

2.3. Chemical analysis

The concentrations of OPEs and the selectedmetaboliteswere deter-
mined by a Waters Acquity UPLC coupled to a Waters Quattro Premier
XE mass spectrometer (UPLC-MS/MS) equipped with a Waters BEH
C18 column (100 mm × 2.1 mm, 3.5 μm particle size). DPHP, DNBP,
and BBOEPwere quantified usingMRM acquisitionmodewith negative
mode electrospray ionization (ESI-), whereas TPHP, TNBP, TBOEP,
BBOEHP, 3-OH-TBOEP, and 3-OH-TNBP were quantified using positive
mode electrospray ionization (ESI+) (Hou et al., 2017). Detailed infor-
mation, including elution gradient conditions, multiple reaction moni-
toring (MRM) parameters and QA/QC results, can be found in SI-1 and
Table S2.

The transformation products (TPs) of OPEs were identified using
ultra-performance liquid chromatography Q-Exactive Orbitrap mass
spectrometry (UPLC-Q-Orbitrap MS, Thermo Fisher Scientific, CA,
USA) with a Hypersil GOLD C18 analytical column (100 × 2.1 mm,
3 μm; Thermo Fisher Scientific, CA, USA). Full scan (100–450 Da) data
acquisition was run at a resolution of 120,000 (at m/z 200), and data-
dependent MS/MS scans from 50 Da to the highest peak present in
each full scan were implemented. Both ESI+ and ESI− modes were
used to detect the possible TPs, and each sample was analyzed three
times. The MS parameters were set according to our previous study
(Hou et al., 2019). The HRMS data were processed using Xcalibur™ ver-
sion 2.2.1 and Compound Discoverer 2.0 (Thermo Fisher Scientific, CA,
USA). Chromatograms were searched for potential TP peaks based on
classical oxidation reactions, including hydroxylation, dealkylation, de-
hydrogenation, carboxylation, epoxidation and sulfur-oxidation (Choi,
2016; Choi and Lee, 2017; Danzl et al., 2009; Kovačič et al., 2019;
Murugananthan et al., 2008; Samet et al., 2010; Yang et al., 2019b).
The MS/MS fragments were compared using the m/zCloud database.

2.4. DNA extraction and PCR amplification

Microbial community analysis was conducted on the seed sludge
sample (0 d) and the enriched sludge culture solutions (25
d) containing the individual OPEs. For each chemical, DNA was ex-
tracted from triplicate media with an EZNATM Mag-Bind soil DNA kit
(OMEGA, GA, USA) according to the manufacturer's instructions. The
total genomic DNA extracts were submitted for high-throughput se-
quencing of 16S rRNA gene amplicons of the V3-V4 region using the
3

primers 341F and 805R. The amplicons were sequenced on an Illumina
MiSeq platform by MajorBio-Pharm Technology Co., Ltd. (Shanghai,
China). The sequence data for each operational taxonomic unit (OTU)
were assigned using Usearch v5.2.236 at a 97% similarity level. In addi-
tion, the richness and diversity of microbial communities (ACE, Chao,
Simpson, and Shannon indexes) were calculated and analyzed using
Mothur version v.1.30.1. The relative abundances of microbes at the
phylum and genus levels were determined based on the taxonomic
data. The 16S rRNA functional prediction was conducted depending
on the Kyoto Encyclopedia of Genes and Genomes (KEGG) by PICRUSt
software (Zhou et al., 2019).

2.5. Ecotoxicology evolution

The acute ecotoxicity was assessed for samples collected from solu-
tions before and after the kinetic experiments based on the well-
described Vibrio fischeri assay (Parvez et al., 2006). The control groups
only contained 30 mL of OPE-free culture medium. Tests were carried
out in duplicate, and the inhibition of luminescence was recorded
after 15min of incubation at 15 °C using aMicrotox®Model 500 toxicity
analyzer (Carlsbad, CA, USA).

2.6. Statistical analyses

The results are expressed as the mean ± standard deviation (SD)
(n=3). Datawere evaluated at a 0.05 level of significancewith analysis
of variance (ANOVA) by Fisher's protected least significant differences
procedure.

3. Results and discussion

3.1. Adaptation of activated sludge culture and degradation kinetics of OPEs

The degradation ratios of TBEOP, TNBP and TPHPover time in the 25-
day enrichment cultures from the same sludge inoculum are shown in
Fig. 1. No significance (P > 0.05) was found for the degradation ratios
of TBEOP, TNBP and TPHP in the initial cycle compared to those of the
abiotic degradation samples. These results indicated that the combined
effects of abiotic degradation (i.e., volatilization, hydrolysis and photol-
ysis) and sorption to autoclaved biomasswere negligible (i.e., 4.9%, 5.1%
and 12.6% for TBEOP, TNBP and TPHP, respectively). In contrast to the
abiotic groups, the initial activated sludge culture obtained from the
WWTP without glucose as a cosubstrate was able to significantly de-
grade TBEOP, TNBP and TPHP (P < 0.05), where their initial 5-day deg-
radation ratios were less than 20.7% for all the OPEs. During the
adaptation period of 5 cycles (over 25 days), the 5-day degradation ra-
tios for TBEOP, TNBP and TPHP were increased to 33.8%, 20.8% and
67.4%, respectively, without glucose as a co-substrate. The enhancement
of OPE biodegradation could be attributed to the adaptation of the mi-
crobial community to the substrates. In addition, we set up other culti-
vation conditions with glucose as a co-substrate to investigate the
possible enhancement of OPE degradation under aerobic conditions.
The enhancement of pollutant biodegradation by the microbial consor-
tia using the addition of glucose has been presented in several studies
(Luo et al., 2019; Noszczyńska and Piotrowska-Seget, 2018; Xu et al.,
2018). In the presence of glucose as an additional carbon source, the
5-day degradation ratio of TPHP was observed to be more than 52.4%
at the initial cycle and reached 89.9% after 5 cycles of adaptation. The
degradation ratios for TBOEP and TNBP were also significantly higher
in the presence of glucose than those not in the presence of glucose
(Fig. 1) during 5 cycles of adaptation under aerobic conditions. Our find-
ings that additional carbon supplements can enhance the OPE degrada-
tion rate and shorten the domestication period were consistent with
previous studies on the biodegradation of other organic pollutants
(Briones et al., 2018; Fernando et al., 2014; Schymanski et al., 2014; Su
et al., 2019), such as polybrominated diphenyl ethers (PBDEs),



Fig. 1. Degradation ratios of TBOEP (A; 3 mg/L), TNBP (B; 3 mg/L) and TPHP (C; 1.5 mg/L)
during initial 5 cycles (25 day) of enrichments with individual OPEs and glucose (0 or
1 g/L) as co-substrate (ambient temperature = 28 ± 2 °C, pH = 7.0). Abiotic control
was conducted at first incubation cycle in spiking of equivalent autoclaved sludge as
inoculum. * indicates significant difference for OPE degradation ratios in aerobic cultures
from those in abiotic degradation (one-way ANOVA, P < 0.05); and # indicates the
significant difference for OPE degradation ratios in aerobic cultures with glucose from
those without glucose (one-way ANOVA, P < 0.05).
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metformin, guanylurea, and chlorophenols. Previous studies also veri-
fied that the supplementation of carbon cosubstrates can enhance the
degradation efficiency of aromatic compounds in BES (Fan et al., 2017;
Luo et al., 2009). The addition of glucose can provide microorganisms
with good growth substrates andmay increase their potential biodegra-
dation capacity (Milligan and Häggblom, 1998; Zhou et al., 2020).

The enriched sludge cultures containing individual OPEs and incu-
bated for a period of 25 days were used to investigate the biodegrada-
tion kinetics of three nonhalogenated OPEs, TBOEP, TNBP and TPHP, in
the presence of additional organic carbon sources (Fig. 2). The final
elimination efficiency achieved after prolonged incubation of 120 h
exceeded 95.4% for both initial TPHP concentrations, and the removal
efficiency of TBOEP and TNBP at the low administered concentration
(0.3 mg/L) reached more than 67.2% within 196 h of incubation. The
enriched microbial culture exhibited a significantly stronger ability to
degrade two concentrations of each OPE than the adsorption control.
Here, the results confirmed that removal could be attributed primarily
to biological degradation by the enriched culture. During the
degradation of each OPE, we also found that the microbial biomass
sharply increased with an increasing measured optical density from
0.1 to 2.5, whereas TOC measurement confirmed mineralization of the
incubation mediumwith 84.1–92.3% TOC removal after 5 days. The mi-
crobial biomass growth indicated that the microbes gradually adjusted
to utilize OPEs and glucose as carbon sources for their survival. In a
cometabolic system, the easily degradable substrate is preferentially
used as an energy and carbon source formicrobial growth before the re-
fractory compounds provide sufficient carbon (Uchimiya and Stone,
4

2006). Accordingly, the co-metabolism of nonhalogenated OPEs and ex-
ternal organic sources could facilitate the degradation of these pollut-
ants, which might be the reason for their lower persistence in
bioreaction systems (Reemtsma et al., 2008).

The degradation kinetics of the three OPEs could be best described
by a pseudo first-order kinetic model (Table 1). TPHP showed pseudo
first-order rate constants (k) of 0.023 ± 0.004 h−1 and 0.054 ±
0.009 h−1 for the TPHP-L and TPHP-H groups, respectively. Remarkably,
the degradation rate constants of TPHP are different based on its initial
concentration. The big variance in rate constants may be attributed to
the limitations of TPHP diffusion into cells and the inhibition of TPHP
on bacterial enzymes in TPHP-H group (Wei et al., 2018). The degrada-
tion rates for TBOEP and TNBP were much lower than those for TPHP;
the degradation rate constants (k) were 0.011–0.014 h−1 for TBOEP
and 0.007–0.009 h−1 for TNBP in both concentration groups. The t1/2
values of TPHP, TBOEP and TNBP removal were less than 12.8–30.1 h,
49.5–63 h, and 77–99 h, respectively, in which the TPHP degradation ki-
netics were in the same range as those in several other microbial cul-
tures (Cao et al., 2011b; Chen et al., 2015; Lai et al., 2018; Wei et al.,
2018). It is also interesting to note that, at the same administered con-
centration (0.3 mg/L), the degradation rates (k) of the three OPEs
followed the order of TPHP > TBOEP > TNBP. This result was in accor-
dance with the reported structure-specific microbial degradability of
OPEs by leachate and bioelectrochemical systems (Hou et al., 2019;
Kawagoshi et al., 2002). The reported OPE removal efficiencies in
WWTPs also showed the trend of aryl-OPEs > alkyl-OPEs > chlorinated
OPEs (Fu et al., 2017; Kimet al., 2017;Marklund et al., 2005a;Meyer and
Bester, 2004). A previous study showed that the enzymes responsible
for TPHP degradation by soil bacterial consortia are intracellular (Chen
et al., 2015), and CYP enzymes were confirmed to play an important
role in this biodegradation process (Wei et al., 2018). Steric effects
that hinder the attack of hydrolases may be responsible for the various
biodegradation efficiencies of OPEs with different substituents
(Reemtsma et al., 2008).

3.2. Biodegradation pathways and transformation product formation

In the case of aerobic incubation, identification of biotransformation
for OPEs usingUPLC-Q-OrbitrapMSwas conducted bymatching the ob-
servedMS andMS/MS spectra, precursor ion spectra, and accuratemass
measurement of the observed transformation products. The corre-
sponding names, molecular ions, retention times, and the proposed
structures for the TPs from the degradation of TBOEP, TNBP and TPHP
by aerobic cultures are summarized in Table 2. Schymanski et al. pro-
posed levels of certainty in structure confirmation for metabolites rang-
ing from “Level 1” (by reference standard) to “Level 5” (only by exact
mass of the candidate) (Wagner et al., 2009). Accordingly, TP names
that are bolded represent metabolites that were qualified with refer-
ence standards (Level 1 certainty with diagnostic evidence), while
those not bolded were tentatively identified with both MS and MS/MS
fragmentation data (Level 2 certainty). MS data and MS/MS fragmenta-
tion data for all TPs that were confirmed as tentative candidates with
Level 2 certainty are provided in Fig. S1.

All OPEs were identified to transform to their respective diesters
through hydrolysis, which was reported as the typical pathway for
OPE biodegradation (Hou et al., 2019; Van den Eede et al., 2013; Wei
et al., 2018). The two hydrolysis TPs of BBOEP and BBOEHEP were de-
graded via O-dealkylation at the phosphate or butoxyethyl moieties of
TBOEP, respectively, and DNBP was identified as the hydrolysis TP of
TNBP. For TPHP, except for DPHP, monophenyl phosphate (MPHP)
was also detected as an addition TP via hydrolysis of DPHP. In addition,
monohydroxylated metabolites were the main stable biodegradation
products for the three precursor OPEs. For alkyl-OPEs, hydroxylation
was more likely to occur on the third carbon atom of the alkyl substitu-
ent, which would be more stable than hydroxylation on other carbon
atoms (Van den Eede et al., 2015). In this study, we used standards to



Fig. 2.Degradation kinetics of TBOEP (A and B), TNBP (C andD) and TPHP (E and F), and the formation of their most prominent TPs in aerobic biodegradation experiments at low and high
initial concentrations, respectively.
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confirm the formation of the hydroxylated metabolites of TBOEP and
TNBP, namely, 3-OH-TBOEP and 3-OH-TNBP, respectively.
Monohydroxylated TPHP (OH-TPHP) was also detected and identified
Table 1
The kinetic constant k and t1/2 for the OPEs and the conversion percentage of TPs compared to

OPEs Metabolites Low concentration

OPEs depletion constant k
(h−1)

R2 t1/2
(h)

Product transforma
(%)

TBOEP 0.014 ± 0.001 0.99 49.5
BBOEP 41.7
BBOEHEP 5.4
3-OH-TBOEP 4.1

TNBP 0.009 ± 0.001 1.0 77.0
DNBP 21.5
3-OH-TNBP 5.3

TPHP 0.054 ± 0.009 0.96 12.8
DPHP 47.8

5

as a product of TPHP, but no information about the exact positions of hy-
droxylation on benzene was obtained. It is also important to note that
the methoxylation metabolites were also detected for TNBP, TBOEP
depletion of the respective parent compounds. Data are means ± SD (n = 3).

High concentration

tion ratio OPEs depletion constant k
(h−1)

R2 t1/2
(h)

Product transformation ratio
(%)

0.011 ± 0.001 0.99 63.0
27.3
2.7
1.1

0.007 ± 0.002 0.99 99.0
29.5
5.6

0.023 ± 0.004 0.99 30.1
56.4



Table 2
Summary of the identified transformation products (DPs) of TBOEP, TNBP and TPHP by UPLC-Q-Orbitrap/MS.

Parent OPEs RT
(min)

Name/abbreviation ESI Formula m/z
(identified)

m/z
(theoretical)

Δ m/z
(ppm)

Proposed structure

TBOEP 17.5 TBOEP + C18H39O7P 399.2511 399.2523 2.3

15.9 3-OH-TBOEP
(TBOEP-TP1)

+ C18H39O8P 415.2460 415.2507 11.3

15.1 BBOEHEP
(TBOEP-TP2)

+ C14H31O7P 343.1885 343.1908 6.7

6.8 BBOEP
(TBOEP-TP3)

− C12H27O6P 297.1467 297.1508 13.8

16.7 Bis(2-butoxyethyl) methyl phosphate
(TBOEP-TP4)

+ C13H27O7P 331.1729 331.1869 42.5

TNBP 17.3 TNBP + C12H27O4P 267.1725 267.1707 0.6

15.0 3-OH-TNBP
(TNBP-TP1)

+ C12H27O5P 283.1674 283.1666 2.8

12.6 DNBP
(TNBP-TP2)

− C8H19O4P 209.0943 209.0984 19.6

12.7 Dibutyl methoxybutyl phosphate
(TNBP-TP3)

+ C13H31O6P 313.1780 313.1814 10.8

TPHP 16.6 TPHP + C18H15O4P 327.0786 327.0797 3.4

15.7 OH-TPHP
(TPHP-TP1)

+ C18H15O5P 343.0735 343.0906 49.8

12.2 DPHP
(TPHP-TP2)

− C12H11O4P 249.0317 249.0310 2.8

15.2 Methyl diphenyl phosphate
(TPHP-TP3)

+ C12H11O7PS 331.0041 331.0017 7.3

7.05 Sulfate conjugate of DPHP
(TPHP-TP4)

+ C13H13O4P 265.0630 265.0708 29.4

10.1 MPHP
(TPHP-TP5)

− C6H7O4P 173.0004 172.9976 16.2
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and TPHP, namely, dibutyl methoxybutyl phosphate (TNBP-TP3), bis
(2-butoxyethyl) methyl phosphate (TBOEP-TP4) and methyl diphenyl
phosphate (TPHP-TP3), as the important products of biotransformation
under aerobic conditions. The methoxylated TPs found were best ex-
plained by methylation at the hydroxyl moiety of the OH-OPEs (Lai
et al., 2018). In addition, TPHP-TP4 was identified from the pathway of
sulfate conjugation of DPHP and was detected for the first time under
aerobic conditions in this study.

As evident from the identified TPs, itwas suggested that biodegrada-
tion of the nonhalogenated OPEs occurred via cleavage of a series of
bonds by mixed aerobic microbes, where the prevalent biotransforma-
tion pathways were hydrolysis, hydroxylation, methoxylation, and sub-
stitution (summarized in Fig. 3). The OPEs could be synchronously
converted via hydrolysis and hydroxylation pathways; then, the hy-
droxylated intermediates might be further converted to products by
methyltransferases. The aerobic biodegradation pathways for TBOEP
and TNBP were first investigated in the present study, but similar
TPHP degradation pathways were previously proposed from confirmed
metabolites in studies using different bacterial isolates (Lai et al., 2018;
Wei et al., 2018). Our previous study using a bioelectrochemical system
also presented the phenol-cleavage and hydroxylation pathways of
TPHP degradation (Hou et al., 2019). In that study, further hydroxyl-
ation, hydrocarboxylation or benzene cleavage also partially occurred
in the former TPs of TPHP (Hou et al., 2019). However, in this study,
those further oxidation products were not detected at all, which may
6

be because some degradation steps can be so fast that intermediateme-
tabolite concentrations are too low to observe.

Considering the significance of hydrolysis and hydroxylation path-
ways for OPE degradation, we also investigated the production kinetics
of several of these TPs. The aqueous concentrations of BBOEP, BBOEHEP,
3-OH-TBOEP, DNBP, 3-OH-TNBP, and DPHP in the enriched cultures
were continuouslymonitored during aerobic incubation of their precur-
sor OPEs, as shown in Fig. 2. None of the six TPswere detected in the cul-
ture medium at the beginning of incubation. For the low-concentration
groups of TBOEP and TNBP, the concentrations of all the TPs rapidly in-
creased within the first 48 h and achieved their maximum values at
96 h, whereas BBOEP and DNBP were observed in the high-
concentration groups. However, the increasing concentrations of
DPHP did not reach a steady state even at the end of the incubation pe-
riod (120 h) in the two TPHP groups.

Moreover, product transformation ratios were calculated as the
molar ratio of formed TPs to the depletion of their precursor compounds
at the end of incubation (Table 1). BBOEP accounted for 21.3–43.4% of
depleted TBOEP, while the transformation ratios for BBOEHEP and 3-
OH-TBOEP were only 2.7–5.4% and 1.1–4.1%, respectively, in both con-
centration groups. DNBP was confirmed to be the most prominent TP
of TNBP (with a transformation ratio of 21.5–29.5%), whereas a rela-
tively minor contribution (5.3–5.6%) was made by 3-OH-TNBP. These
results indicated that di-alkyl phosphates (DAPs) are the predominant
TPs in the aerobic degradation of alkyl-OPEs by bacterial consortia. In



Fig. 3. Proposed pathway of the investigated aerobic degradation of TBOEP (A), TNBP
(B) and TPHP (C) by sludge cultures in this study. Mean conversion percentages of the
metabolites compared to depletion of the respective parent compounds after
degradation were added with the structures.
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addition, DPHP was also quantified as an important TP of TPHP, which
accounted for 47.8–56.4% of the removed TPHP after 96 h of incubation.
These data are consistent with the reported relatively larger conversion
ratio of DPHP in microbial degradation of TPHP by B. brevis under aero-
bic conditions (Wei et al., 2018). Our findings represent a strong indica-
tion that hydrolysis is a critical biodegradation pathway for
nonhalogenated OPEs and that di-alkyl phosphates (DAPs) might play
an important role in the overall mass balance of these compounds in
WWTPs. Studies have reported the occurrence of the DAPs in effluents
and sewage sludge from WWTPs from United States and China (Fu
et al., 2017; Gao et al., 2016; Kim et al., 2017; Li et al., 2020; Wang
et al., 2019). Higher concentrations of several DAPs (i.e., DPHP and
DNBP) were found in the effluents compared to in the influents of
WWTP from Anhui, China, which confirmed their production from
OPEs during wastewater treatment processes (Li et al., 2020). In a
7

nationwide survey of sludge across China, the nonhalogenated DAPs
were revealed to be mainly derived from biodegradation processes in
WWTPs (Fu et al., 2017). Wang et al. (2019) found that BBOEP was
the dominant DAP in sludge from the United States and estimated the
annual emissions rates of DAPs to be 663–796 kg/year through waste-
water discharges from theUnited States. Considering the certain forma-
tion efficiency for DAPs in WWTPs and their significant discharges,
further studies are needed to assess the environmental occurrence
and fate of DAPs in the aquatic environment.
3.3. Microbial communities in the degradation of OPEs

The initial sludge sample and the enriched sludge cultures contain-
ing individual OPEs and cultured for 25 days were collected, and the
bacterial diversity was analyzed by Illumina high-throughput sequenc-
ing. The rawdata generated from these samples contained from 3577 to
4320 OTUs. The average length, coverage index, Chao index, Shannon
index, Simpson index, and OTUvalues are shown in Table S2. The cover-
age index exceeded 95.1% for all the samples, which represented the
coverage degree of the constructed sequence libraries of the microbial
diversity. Overall, the Shannon diversity index of the initial sludge sam-
ple was higher than that of the three enriched cultures containing indi-
vidual OPEs. This result indicated that the bacterial community was
simplified when acclimated to the different OPEs.

The results of the bacterial community at the phylum, class and
genus levels in the aerobic sludge and enriched cultures containing indi-
vidual OPEs are presented in Fig. 4. The bacterial community structures
for all the sludge culture samples at the phylum level were highly sim-
ilar, and the abundant bacterial phyla (relative abundance >2%) were
Proteobacteria (45.5–83.8%), Bacteroidetes (9.9–36.2%), and Firmicutes
(4.5–17.4%). At the class level, Gammaproteobacteria,
Alphaproteobacteria, Bacteroidia, Negativicutes, Flavobacteriia, and Clos-
tridia were the dominant classes (relative abundance >2%). As the
two most abundant bacterial phyla in the initial sludge samples,
Alphaproteobacteria and Flavobacteriia were apparently decreased in
the enriched sludge samples containing individual OPEs (from 41.3%
to 11.3–25.7% and from 22.1% to 1.7–4.7%, respectively). Furthermore,
we observed considerable increases in the relative abundance of
Gammaproteobacteria in sludge cultures enriched with TBOEP and
TNBP and the relative abundance of Bacteroidia in sludge cultures
enriched with TBOEP and TPHP.

At the genus level, Azospirillum and Chryseobacterium, which belong
to Alphaproteobacteria and Flavobacteriia, respectively, were the two
most abundant genera, accounting for 30.3% and 22.0% in the initial
sludge, respectively. Azospirillumwas reported to be the dominant deni-
trifier genus in biotreatment processes (Wei et al., 2019), and
Chryseobacterium is a commonly detected genus in activated sludge
(Noda, 2012). For the enriched sludge cultures, the abundance of Klebsi-
ella belonging to Gamaproteobacteria greatly increased from 2.2% to
25.2%, 29.7% and 68.2% for the sludge containing TPHP, TBOEP or
TNBP, respectively, and Klebsiella could be responsible for the degrada-
tion of these OPEs (Figs. 4 and S2). Klebsiella exhibited high activities of
organophosphorus hydrolase and ligninolytic enzymes (Sasikala et al.,
2012; Yang et al., 2019a), and this genus was reported to participate
in the degradation of aromatic compounds, organophosphorus, phthal-
ate esters and many other organic compounds (Comte et al., 2006;
Sasikala et al., 2012; Zhang and Fang, 2001; Zhang et al., 1999). In addi-
tion, the genera Paludibacter (relative abundance of 10.4%) and
Dysgonomonas (9.6%) were also highly detected in sludge cultures con-
taining TPHP. Based on previous studies, Paludibacter plays an impor-
tant role in denitrification or biodegradation of pyridine and azo dyes
in the treatment of industrial wastewater (Cao et al., 2011; Sheng
et al., 2010), and Dysgonomonas is involved in the degradation of azo
dyes and antibiotics (Fernando et al., 2020; Yan et al., 2018). Thus,
such various functional microbes in TPHP-enriched culture may have



Fig. 4. Changes of bacterial structure at the phylum (A), class (B), and genus (C) levels in the aerobic sludge and enriched cultures by individual OPEs.
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resulted in its relatively high degradation efficiency in the present
study.
3.4. Ecotoxicology evaluation

Luminescence by Vibrio fischeri is a sensitive and easy-to-use end-
point for identifying ecotoxicity patterns in various types of modified
water bodies (Bhatia et al., 2013). In our experiments, luminescence in-
hibition of Vibrio Fischeri was evaluated by culture medium before and
after the aerobic degradation processes of TPHP, TBOEP, and TNBP
(Fig. 5). The initial culture medium of 1.5 mg/L TPHP showed the
highest luminescence inhibition of 19.6%, while 3 mg/L TBOEP or TNB
showed luminescence inhibition percentages of 7.4% and 7.5%,
Fig. 5. Ecotoxicological evaluation of biotransformation of TBOEP, TNBP, and TPHP as
reflected by luminescence inhibition ratios of Vibrio fischeri bacteria.
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respectively. These results were within the same ranges of the values
assessed using Vibrio qinghaiensis sp. -Q67 (Kang et al., 2014). After in-
cubation, a marked decrease in acute toxicity (with inhibition less
than 2.9%) coincided with the removal of the precursor OPEs, which in-
dicated that the formed TPs were less toxic than the precursor
compounds.

Current information on the toxicity of OPE transformation products
is relatively rare. A recent study stated that no significant cytotoxic ef-
fects for chicken embryonic hepatocytes were observed for DPHP con-
centrations up to 1000 μM (Su et al., 2014). Kojima et al. also reported
that DPHP may have limited nuclear receptor activity compared to
that of its precursor triesters, and neither DNBP nor BBOEP exhibit any
nuclear receptor activity, although the precursor compounds showed
androgen receptor (AR) and glucocorticoid receptor (GR) antagonistic
activity (Kojima et al., 2016). The lower toxicity of the degradation
products than of the precursor compounds can be attributed to their
low Log octanol-water partition coefficient (Log KOW) (Su et al., 2014).
The Log KOW values as well as other physicochemical properties were
also predicted for all the TPs using USEPA EPI suit v4.1. The predicted
Log KOW values for the evaluated substances were ≤4.22 (Table S3),
which indicated their comparably limited potential for bioaccumula-
tion. All the surveyed metabolites had lower Log KOW values but higher
water solubility than those of their precursor chemicals. This finding in-
dicated that the aerobic degradation of alkyl-OPEs resulted in more
polar products (Table S3), which led to less preferential accumulation
in aquatic animals and humans (Hou et al., 2019b; Wang et al., 2017).
However, recent studies have identified that hydroxylated TPs, such as
OH-TPHP, BBOEHEP and 3-OH-TBOEP, act as strong endocrine
disruptors via nuclear receptors (Kojima et al., 2016). Therefore, further
investigation of the formation of these intermediate products of OPE
degradation and their ecotoxicological risks is definitely worthwhile.

4. Conclusion

Our study demonstrated that microbial cultures could readily de-
grade TBOEP, TNBP and TPHP under aerobic conditions after long-



R. Hou, Y. Wang, S. Zhou et al. Science of the Total Environment xxx (xxxx) xxx
term pollution as substrates in conventional activated sludge from
WWTPs. It was evident that the addition of easily degradable carbon
(glucose) shortened the acclimatization periods of the microbial cul-
tures and enhanced the degradation performance of the three nonhalo-
genated OPEs. The degradation rates (k) of the three OPEs followed the
order of TPHP > TBOEP > TNBP, but their relatively low half-lives (t1/2)
demonstrated that these nonhalogenated OPEs were easily degradable
by sludge microbes under aerobic conditions. The aerobic biodegrada-
tion pathways were elucidated for the nonhalogenated OPEs and in-
volved hydrolysis, hydroxylation, methoxylation, and substitution. For
the first time, we quantitatively confirmed hydrolysis as the primary
degradation pathway of nonhalogenated OPEs in activated sludge. The
microbial community composition of sludge cultures was altered after
acclimatization, and Klebsiella was found to be responsible for the deg-
radation of all the nonhalogenated OPEs. Even though the correspond-
ing degradation DAP products largely accumulated in the culture
medium after incubation, a significant reduction in their harmful effects
relative to those of the precursor OPEs occurred in the biotransforma-
tion process based on their toxicity to Vibrio fischeri antibiotic activity.
Such results revealed aerobic biodegradation by active sludge as an
ecotoxicologically favorable process for nonhalogenated OPE
degradation.
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