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H I G H L I G H T S

• Both Fenton and Fe2+/PS processes are efficient for TPhP degradation from water.

• Natural water matrix significantly affected TPhP degradation.

• HO% and SO4%− are predominant radicals in Fenton and Fe2+/PS process, respectively.

• Similar intermediates of TPhP in both processes were identified using LC-MS.
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A B S T R A C T

The efficacies of ferrous ion-activated hydrogen peroxide (Fe2+/H2O2, Fenton) and persulfate (Fe2+/S2O8
2−,

Fe2+/PS) processes for degrading triphenyl phosphate (TPhP) in aqueous solutions were systemically in-
vestigated and compared. Both Fenton and Fe2+/PS processes can effectively degrade TPhP in water. A fast
TPhP degradation was achieved in 5min by Fenton oxidation, while TPhP was gradually degraded with
prolonging reaction time via Fe2+/PS oxidation. The effects of operating parameters, including oxidant and
Fe2+ dosage, pH, and water constitutes, on TPhP degradation were systemically evaluated. TPhP removal was
increased as the oxidant and Fe2+ dosage increase, while TPhP degradation was not greatly changed under the
examined pH (4.0–9.0). Water constitutes, humic acid, and anions (Cl− and NO3

−) did not obviously influence
TPhP degradation for both processes. However, HCO3

− significantly inhibited TPhP oxidation, and the inhibi-
tion was inversely related to HCO3

− concentrations. Radical quenching experiments and electron paramagnetic
resonance spectrometry revealed that HO% was the dominant radical in Fenton process whereas SO4%− played a
dominant role in Fe2+/PS process for TPhP degradation. Moreover, TPhP removal in various natural water
matrices was examined to better understand the feasibility of AOPs on the elimination of TPhP from natural
waters. The lower removal of TPhP indicates that both of high oxidant dosage and/or long reaction time were
required to achieve high removal efficiency and high mineralization. Furthermore, TPhP degradation products
were identified through LC-MS/MS technology. Similar products were observed in both oxidation processes, and
the degradation pathways mainly involved hydroxylation and phenoxy bond cleavage. The results of this study
indicates that it is technically feasible for applying HO% and SO4%

− based AOPs to treat TPhP contamination in
water/wastewater.

1. Introduction

Due to the phase-out of some brominated flame retardants (BFRs),
the use of organophosphate flame retardants (OPFRs) as the alternative
flame retardants has been increasingly adopted recently [1]. OPFRs
have been detected widely in air and dust [2], water [3], sediment [4],

and biota [5]. Triphenyl phosphate (TPhP) is a high production volume
OPFRs that has been detected in multiple environmental media with
increasing concentrations these years [2,6]. The environmental and
health risks of TPhP have drawn attention because of its potential
multiplex toxicities (e.g., neurotoxicity and developmental toxicity) to
organisms [7,8]. Therefore, it is necessary to develop a cost-effective
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and environmental-friendly treatment methods to remove such OPFRs
from their contaminated water.

Advanced oxidation processes (AOPs), with the highly reactive hy-
droxyl radical (HO%) or sulfate radical (SO4%

−) as the main oxidative
species, are promising for eliminating organic pollutants in aquatic
environment [9,10]. Both HO% and SO4%

− are powerful oxidants for the
degradation of the organic contaminants due to their high standard
reduction potentials, i.e., HO% (E0= 1.9–2.7 V) and SO4%

−

(E0= 2.5–3.1 V) [11]. Because of their strong oxidation ability and
cost-effectiveness, both HO% and SO4%

− based AOPs have been con-
sidered as the promising in situ chemical oxidation (ISCO) technologies
for remediating contaminated water and wastewater [12]. Fenton re-
action, hydrogen peroxide (H2O2) activated by ferrous ion (Fe2+) that
could generate HO%, has been widely used for remediating soil and
groundwater [13,14]. The mechanism of Fenton reaction mainly in-
cludes a series of chain and radical reactions, as described in Eqs.
((1)–(6)) [15,16]. Fenton reaction prefers acidic pH [16], which greatly
limited its practical application for water treatment at neutral and basic
conditions
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Recently, persulfate (S2O8
2−, PS), a popular ISCO oxidant, has re-

ceived increasing attention in environmental applications due to its
several advantages. SO4%

− can be formed by activating PS via various
approaches, including heat [17], UV [18], transit-metal cations or
metal oxides [19–22], base, and carbon nanomaterials [23]. Compared
to HO%, SO4%

− is more stable and selective because SO4%
− mainly re-

acts with organic compounds through electron transfer mechanism
[24]. Previous studies have found that the consumption of SO4%

− by
non-target water constituents, such as natural organic matters, is much
slower than that of HO%, indicating that SO4%

− based AOPs may be
more efficient than HO% when they are used for natural water re-
mediation [25,26]. Fe2+ is the most frequently used metal ion for PS
activation [27,28]. Similar to Fenton reaction, the mechanism of Fe2+

activated PS (Fe2+/PS) process is shown in Eqs. ((7)–(9)). However, the
excess Fe2+ could scavenge SO4%

− through Eq. (8), so the oxidation
efficiency of target contaminants would be greatly reduced. Therefore,
it is vital to confirm the proper dosages of Fe2+ and PS during the
contaminant treatment.
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To date, exploration on the potential application of AOPs for the
treatment of OPFRs is still in its early stage. The processes, including
photocatalysis [29–32], UV [33], UV/H2O2 [34–36], UV/O3 [37], UV/
peroxymonosulfate, and UV/persulfate [38,39], have been used for
eliminating OPFRs from water. Pseudo-first order kinetics of OPFRs
degradation was confirmed [29–31,33–35], and these OPFRs were
transformed into hydroxylated products through both of radical addi-
tion and C-O bond cleavage routes [31,32,36,38,39]. OPFRs degrada-
tion in natural water or wastewater matrix was significantly reduced
[30,31,38]. However, few efforts have been devoted to the degradation
process (i.e., degradation kinetics, products, and mechanisms) for
TPhP, one of aromatic OPFRs. Yuan et al. [40] demonstrated that TPhP
at 50 μg L−1 could be quickly degraded through ozone and UV/H2O2

processes, and 96% TPhP was removed via ozone and 100% TPhP was
removed via UV/H2O2 after 30min treatment, respectively. Yu et al.
[41] simulated the TPhP degradation process which was initiated by
HO% through quantum chemistry calculations, and found that the re-
action rate constant was 1.6×10−12 cm3molecule−1 s−1 at 298 K with
TPhP-OH adduct and phenol phosphate as the main degradation pro-
ducts. Li et al. [42] also found that TPhP was rapidly degraded by HO%
with the reaction rate constant around 8×109M−1 s−1. Nevertheless,
to the best of our knowledge, no information is available on the oxi-
dation of TPhP through SO4%

− based AOPs. In addition, HO% initiated
TPhP degradation process needs to be systematically examined, in-
cluding the degradation kinetics and degradation products.

In this study, the degradation processes of TPhP by Fenton and
Fe2+/PS reactions were systematically investigated, respectively. A
series of kinetic experiments were conducted to explore the effects of
Fe2+ and oxidant (i.e, H2O2 and PS) dosages, respectively. In natural
water, pHs varied and inorganic anions, as well as natural organic
matter (NOM) are ubiquitously present, which can potentially influence
the AOPs [43,44]. Therefore, the effects of pH, humic acid (HA), and
inorganic anions (e.g., Cl−, NO3

−, and HCO3
−) on the degradation of

TPhP were also investigated in this study, respectively. TPhP de-
gradation intermediates were identified through liquid chromato-
graphy-tandem mass spectrometry (LC–MS) and the detailed degrada-
tion mechanisms and transformation pathways were proposed.
Especially, the TPhP degradation efficiency in different natural waters
was examined to evaluate the technical feasibility of both Fenton and
Fe2+/PS processes on the treatment of TPhP from water/wastewater.

2. Materials and methods

2.1. Chemicals and materials

All chemicals were commercially available with highest purity and
directly used without further purification. Triphenyl phosphate (TPhP,
≥99%) was purchased from Sigma-Aldrich (St. Louis, MO, USA).
Ferrous sulphate heptahydrate (FeSO4·7H2O, 98%) was obtained from
Damao Chemical Reagent Co. (Tianjin, China). Hydrogen peroxide
(H2O2, 30.0%) was obtained from Sinopharm Chemical Reagent Co.,
Ltd (Shanghai, China). Potassium persulfate (K2S2O8, 99.5%) and
humic acid (HA, 90%) were obtained from Aladdin Chemistry Co. Ltd
(Shanghai, China). Acetonitrile, methanol, and formic acid of HPLC
grade were purchased from TEDIA (Fairfield, USA). Ethanol (EtOH) and
tertiary butanol (TBA) in analytical grade were obtained from
Guangzhou Chemical Reagent Factory (Guangzhou, China). Deionized
(DI) water (> 18mΩ·cm, Milli-Q system) was used for solution pre-
paration. The stock solution (10mM) of TPhP was prepared in HPLC
grade acetonitrile and stored at 4 °C for further use.

2.2. Experimental procedure

To avoid any interference related to potential side reactions be-
tween hydroxyl and sulfate radicals with buffer species (i.e., PO4

3−,
CO3

2−), the experiments were performed without any buffer solutions.
Without specified, all the reactions were performed in 30mL brown
glass test vials sealed with Teflon-lined silicone septa at 25.0 ± 0.2 °C.
10 µM of TPhP solution and certain volume of H2O2/PS were firstly
introduced to the vial. 0.01M H2SO4 or NaOH was used to adjust so-
lution pH, and no further pH adjustment was performed during the
degradation process. Following that, the desired dosage of ferrous ion
(Fe2+) was employed to initiate the reaction. At the defined time in-
tervals, 1.0 mL of aqueous sample was withdrawn and immediately
quenched by 1.0 mL pure methanol. After filtered by a 0.45 µm mem-
brane filter (Anpel, Shanghai, China), the residual TPhP was quantified
for further analysis.

The influence of Fe2+ concentrations (0–500 µM) and H2O2/PS
dosages (0–1000 µM) on TPhP degradation were evaluated at pH 4.0,
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respectively. The effect of pH on TPhP degradation via both Fe2+/H2O2

and Fe2+/PS oxidation systems was examined at 25 °C with pH values
from 4.0 to 9.0. Solution pH was adjusted before the addition of Fe2+ to
avoid the interference of Fe2+ oxidation. The effects of typical natural
water constituents on TPhP oxidation, including various inorganic an-
ions (i.e., Cl−, NO3

−, and HCO3
−) and HA, a representative dissolved

organic matter, were also investigated. All experiments were conducted
in triplicate, and the mean values were reported.

Natural water samples, including sea water collected from South
China Sea in Huizhou, municipal wastewater effluent obtained from an
activated sludge sewage treatment plant (STP) in Guangzhou, river
water collected from the Pearl River in Guangzhou, and tap water ob-
tained from pipeline in our laboratory were also used in this study to
investigate the oxidation efficiency of TPhP in natural waters. The
collected water samples were taken to the laboratory within 12 h and
stored at 4 °C for further use. Prior to use, all collected waters were
filtered through a 0.45 μm membrane filter (Anpel, Shanghai, China) to
remove particulate matters. The corresponding physicochemical para-
meters of the water samples were characterized and listed in Table S1 in
Supplementary Materials.

2.3. Identification of hydroxyl and sulfate radicals

Radical scavengers were applied to identify the radicals formed
during the Fenton and Fe2+/PS oxidation processes. To differentiate the
role of HO% and SO4%

− radicals in TPhP degradation process, the ex-
cessive amount of EtOH and t-BuOH were initially added into the re-
action solutions as the scavengers at 12.5 mM, respectively. The reac-
tion conditions were kept identical throughout the experiments.

5, 5-dimethyl-1-pyrroline N-oxide (DMPO) was applied to capture
HO% and SO4%

− radicals in situ, which were produced from Fenton and
Fe2+/PS processes. Once the reaction was initiated, 20 μL of 100mM
DMPO solution was spiked into 180 μL of reaction solution within 5 s
and shaken for 2min. Then, the spectra of radical adducts were re-
corded using an electron paramagnetic resonance spectrometer (EPR,
EMXPlus-10/12, Bruker, Germany).

2.4. Identification of TPhP transformation products

The same reaction systems, including TPhP/Fe2+/H2O2 and TPhP/
Fe2+/PS as described above in Section 2.2. Experimental procedure, were
used for TPhP degradation transformation product identification. After
passing through the 0.45 µm membrane filter (Anpel, Shanghai, China),
each sample was concentrated by an Oasis HLB cartridge (6mL,
500mg, Waters) through solid-phase extraction (SPE) process following
the procedure described in our previous studies [45,46]. In brief, the
cartridge was firstly activated by 10mL pure methanol and 10mL DI
water, consequently. Then the reaction sample was passed through the
cartridge at a flow rate at 5mLmin−1. Finally, the extracts were eluted
with 2×2mL methanol, and then dried with a gentle nitrogen flow.
The obtained products were finally re-dissolved with 1mL methanol
and then analyzed by HPLC-MS/MS.

2.5. Analytical methods

The concentration of the residual TPhP was analyzed through a
Waters alliance e2695 high performance liquid chromatograph (HPLC,
Waters, USA) equipped with a diode array detector and a Waters
XBridge C18 reversed-phase column (4.6× 250mm, 5 µm). The mobile
phase was made up of 65% acetonitrile and 35% DI water, with elution
rate at 1mLmin−1. The injection volume was 20 µL. The column
temperature was set up at 35 °C, and the detection wavelength was set
as 210 nm.

HPLC-MS/MS analysis was carried out on an Agilent 1200 series
HPLC connected to a G6410B triple quadrupole mass spectrometer
(Agilent Technologies, USA) through an ESI interface. Separation was

performed on a C18 reverse-phase column (4.6×150mm, 5 µm,
Agilent). Injection volume was set as 10 μL. Elution was performed at a
flow rate of 0.2 mLmin−1 with H2O as eluent A and methanol as eluent
B. The mass spectrometer was operated in positive ionization mode
over the range m/z=100–1000. Capillary exit and skimmer voltages
was 113.5 V and 40 V, respectively. Dry temperature was 350 °C.
Nitrogen was used as dry gas at a flow rate of 10 Lmin−1 and as col-
lision gas with 99.99% purity. Nebulizer pressure was 40 psi.

The phosphate ion (PO4
3−) in the reaction solutions was measured

with Mo-Sb Anti-spectrophotometer method with a minimum detection
limit 0.005mg L−1. Total organic carbon (TOC) content was de-
termined by a TOC analyzer (Shimadzu, TOC-L CPH, Japan).

3. Results and discussion

3.1. Degradation kinetics of TPhP in DI water

3.1.1. Effect of Fe2+ dosage
As shown in Fig. 1a and b, the degradation of TPhP was negligible

by direct H2O2 (< 2%) and S2O8
2− (PS,< 8%) oxidation after 60min

reaction, indicating that only H2O2 or PS was not sufficient to oxidize
TPhP due to its stable structure. However, TPhP degradation was ob-
viously accelerated by ferrous ion (Fe2+) activation of both oxidants. It
is well known that HO% is generated in Fenton process [13], and SO4%

−

is produced in PS activation process [12]. More HO% and SO4%
− were

generated with increasing Fe2+ dosage, thus resulting in an enhanced
degradation efficacy of TPhP. With a fixed initial concentration of
oxidant at 500 μM, as Fe2+ concentration was gradually increased from
0 to 500 μM ([TPhP]0/[oxidant]0/[Fe2+]0= 1/50/0–1/50/50), TPhP
degradation efficiency was improved correspondingly. TPhP degrada-
tion reached equilibrium quickly within 5min reaction by Fenton
process, while the degradation was increased gradually by PS process.
As shown in Eqs. ((3), (6)), because the generated HO% would be
quenched by the excessive Fe2+ and H2O2, TPhP degradation by Fenton
oxidation was not increased with prolonging reaction time. When Fe2+

dosage was 50 μM ([TPhP]0/[oxidant]0/[Fe2+]0= 1/50/5), TPhP de-
gradation efficiency at 5min was similar in both oxidation processes.
When Fe2+ dosage was lower than 100 μM ([TPhP]0/[oxidant]0/
[Fe2+]0= 1/50/10), Fe2+/PS process was more efficient than the
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Fig. 1. Effect of ferrous ion concentration (a, b) and oxidant dosage (c, d) on
TPhP degradation by (a, c) Fenton process and (b, d) Fe2+/PS process.
Experimental conditions: [TPhP]0= 10 µM, pHinitial = 4.0, T= 25 °C.
[H2O2]0= [PS]0= 500 µM, [Fe2+]0= 0–500 µM in (a, b), and
[Fe2+]0= 500 µM, [H2O2]0= [PS]0= 0–1000 µM in (c, d). Errors represent
the standard deviation (n=3).
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Fenton process for TPhP degradation. For example, as shown in Table
S2, after 60min, TPhP removal was 10.4%, 11.3%, 30.9%, and 45.3%
by Fenton process, while it was 47.4%, 49.9%, 54.6%, and 67.9% by
Fe2+/PS process with Fe2+ concentrations of 5, 10, 50, and 100 μM,
respectively. More efficient degradation of TPhP by Fe2+/PS pro-
cessmight because the generated SO4%

− was more stable and selective
than HO% [15,24]. In addition, Fe2+ could be transformed into Fe3+,
the production rate of HO% was thus greatly decreased in Fenton pro-
cess, and hence TPhP degradation was reduced [12].

However, when Fe2+ concentration was increased to 500 μM
([TPhP]0/[oxidant]0/[Fe2+]0= 1/50/50), 90.8% TPhP was degraded
in 5min by Fenton process, while only 72.4% TPhP was removed after
60min by Fe2+/PS process. This phenomenon may be because that
500 μM Fe2+ was sufficient to initiate adequate HO% to oxidize 10 μM
TPhP in short reaction time. Results in Fig. 1a and b also indicated that
HO% produced in Fenton process could be immediately consumed by
TPhP and its degradation intermediates, while SO4%

− was more stable
because it selectively reacts with TPhP through the electron transfer
mechanism [15,24]. In addition, as shown in Eq. (8), the excess Fe2+ in
the solutions could scavenge SO4%

−, resulting in the inhibition on the
oxidation of TPhP. Fe2+ in Fenton process can be regenerated in ac-
cordance with Eq. (2) and released into the next reaction cycle, while it
was finally transformed to Fe3+ through Eqs. (7) and (8) and hence
terminated the activation reaction in Fe2+/PS process [12].

3.1.2. Effect of the initial oxidant dosage
As presented in Fig. 1c and d, the oxidation of TPhP by Fenton and

Fe2+/PS processes was further evaluated at different initial oxidant
(i.e., H2O2 and PS) dosages (i.e., [TPhP]0/[Fe2+]0/[oxidant]0= 1/50/
0–1/50/100). Clearly, TPhP concentration in reaction solutions was not
obviously changed by sole Fe2+ at 500 μM, while the obvious removal
of TPhP by Fenton and Fe2+/PS processes was observed. The de-
gradation efficiency of TPhP after 60min increased from 19.2% to
91.7% and from 12.4% to 84.1% by Fenton and Fe2+/PS process with
increasing initial ratio of [TPhP]0/[Fe2+]0/[oxidant]0 from 1/50/1 to
1/50/100, respectively. It should be noted that the difference of de-
gradation efficiencies of TPhP by Fenton process with H2O2 con-
centrations at 500 and 1000 μM (i.e., [TPhP]0/[Fe2+]0/[oxidant]0= 1/
50/50 and 1/50/100) was little, 90.8% and 91.7%, respectively, which
may be due to the limitation of Fe2+ concentration (Eq. (1)). As shown
in Table S3, by Fe2+/PS process, TPhP degradation efficiencies after
60 min was 12.3%, 28.9%, 72.4%, and 84.1% with the initial ratios of
[TPhP]0/[Fe2+]0/[oxidant]0 as 1/50/1, 1/50/10, 1/50/50, and 1/50/
100, respectively. Therefore, high amount of oxidants is required to
achieve a better removal of TPhP in short time. Previous studies also
found that in order to achieve higher removal efficiencies of pollutants,
tens or hundreds times higher amount of oxidants is required
[38,47,48]. Clearly, as PS concentration increased from 500 to
1000 μM, TPhP degradation efficiencies were similar (ca. 50%) after
5min, and it was only enhanced to ca. 12% after 60min reaction. This
phenomenon could be caused by self-quenching of SO4%

− radical by
excessive PS to form less reactive S2O8%

− radical (Eq. (9)). In addition,
the Fenton process was more efficient than Fe2+/PS process for TPhP
degradation with various initial oxidant dosages, implying that TPhP
might be favorably degraded by HO% radical [15]. In both oxidation
processes, taking into consideration both of proper removal efficiencies
and cost saving, the optimal ratio of [TPhP]0/[Fe2+]0/[oxidant]0 was
1/50/50.

3.1.3. Effect of pH
It is well known that pH plays an important role in Fe2+-activated

ISCO applications [49]. Therefore, the effect of the initial solution pH
(pHinitial) from 4.0 to 9.0 (typical pH of most natural waters [50,51]) on
the degradation of TPhP by Fenton and Fe2+/PS processes was eval-
uated and the degradation kinetics were presented in Fig. S1a and b.
Fig. 2a and Table S4 summarized the degradation efficiency of TPhP

after 60min treatment. As pHinitial increased from 4.0 to 9.0, the de-
gradation efficiency of TPhP was slightly decreased from 93.0% to
86.8% by Fenton process, while it was almost no change in Fe2+/PS
process. The slight decrease of TPhP removal in Fenton process might
be due to the precipitation of Fe2+ at high pHs. However, since SO4%

−

can react with OH− to generate HO% under basic pH in Fe2+/PS process
(Eq. (12)) [45] with a high redox potential, TPhP could be efficiently
degraded under a wide range of pH values. This observation was in
agreement with previous studies regarding the degradation of organic
contaminants by activated PS process [52,53]. It should be mentioned
that all of the solution pHs (4.0–9.0) dropped to 3.2–3.8 after 60min
reaction, which might be due to the hydrolysis of ferrous ions, acidity of
oxidant and its decomposition products (e.g., SO4

2−), as well as the
generation of acidic degradation by-products of TPhP [12]. The acidic
pH greatly reduced Fe2+ precipitation and ensured its sufficient pre-
sence in the catalyzed oxidation. Furthermore, the outstanding perfor-
mance of TPhP removal at wide pHs implied that Fenton and Fe2+/PS
processes based ISCO technology exhibited high application potential
for remediating TPhP-contaminated waters.

+ →
− + −Acidic pH: S O H HS O2 8

2
2 8 (10)

+ → + +
− − − +HS O e SO SO H2 8 4

·
4
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+ → +
− − −Basic pH: SO HO SO4

·
4
2 (12)

3.1.4. Effect of HA
Natural organic matter (NOM) is ubiquitously present in natural

waters, and can potentially influence the degradation of organic con-
taminants through AOPs [43–45]. Therefore, humic acid (HA,
0–40mg/L), as a representative of aquatic NOM, was used to examine
its influence on TPhP degradation in this study. TPhP degradation ki-
netics were presented in Fig. S1c and d. Fig. 2b, summarizing the de-
gradation efficiencies of TPhP after 60min treatment. As shown in
Fig. 2b, TPhP removal efficiency dropped as HA concentration was
increased in Fenton process, which was consistent with the findings in
previous studies [54,55]. It has been considered that HA can serve as
radical quenchers and can convert the radical intermediates to parent
compounds [56]. In addition, HA can react with the HO% which was

Fig. 2. Effect of (a) pH, (b) humic acid (HA), (c) and (d) anions on the removal
of TPhP by Fenton process and Fe2+/PS process. Experimental conditions:
[TPhP]0=10 µM, T= 25 °C, [H2O2]0= [PS]0= 500 µM, [Fe2+]0=500 µM,
reaction time= 60min, pHinitial in (a) was adjusted by 0.1M NaOH or HCl, and
pHinitial in (b), (c), (d) is 4.0. Errors represent the standard deviation (n=3).
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produced in Fenton reaction [55]. Therefore, TPhP degradation effi-
ciency was reduced due to the competition for HO% by HA.

On the contrary, in Fe2+/PS process, the degradation of TPhP was
promoted by HA, and TPhP removal increased from 71.2% to 83.6%
with increasing HA concentration from 0 to 40mg/L. HA can react with
SO4%

− and HO%, because the presence of electron-rich moieties e.g.,
carboxyl and hydroxyl functional groups [57]. Our previous study also
demonstrated that HA possesses high reactivity towards SO4%

− and HO
% [45]. More radicals could be formed during HA oxidation in Fe2+/PS
process [58] and promoted the degradation of TPhP. In addition,
semiquinone radicals, generated from hydroquinones, quinones, and
phenols in HA, could also stimulate the decomposition of PS into SO4%

−

and HO% [59], resulting in the enhanced degradation of TPhP.

3.1.5. Effect of anions
In natural waters, the inorganic anions may have potential influence

AOPs [43,44]. Therefore, in this study, the effect of the representative
inorganic anions (i.e., Cl−, NO3

−, and HCO3
−) at the concentration of

10, 50, and 100mM on the degradation of TPhP via Fenton and Fe2+/
PS processes was evaluated, respectively, and the results were pre-
sented in Fig. 2c and d. As shown in Fig. 2c, all three examined anions
at 10–100mM inhibited degradation of TPhP in Fenton process, and the
inhibition effects were different for these anions. With the presence of
10, 50, and 100mM Cl− and NO3

−, TPhP removal efficiencies in
Fenton process at 60min were reduced from 92.4% to 85.7%, 83.3%,
and 80.3% for Cl−, and reduced to 86.7%, 83.2%, and 78.4% for NO3,
respectively However, the inhibition effect of HCO3

− was alleviated
with increasing HCO3

− concentration. TPhP removal efficiencies in
Fenton reaction were 28.1%, 41.5%, and 57.4% with the presence of
10, 50, and 100mM HCO3

−, respectively Similarly, the inhibition ef-
fects of Cl− and NO3

− on TPhP degradation were also observed in
Fe2+/PS process, indicating the inhibition increased with increasing
concentration of Cl− and NO3

−. As shown in Fig. 2d, with the presence
of 10, 50, and 100mM Cl− and NO3

−, TPhP removal efficiencies in
Fe2+/PS process at 60min were reduced from 62.0% to 61.5%, 57.6%,
and 38.3% for Cl−, and to 57.8%, 51.5%, and 47.5% for NO3

−, re-
spectively. 10 and 50mM HCO3

− suppressed TPhP degradation in
Fe2+/PS process with the removal efficiency of 16.1% and 45.5%,
while 100mM HCO3

− enhanced TPhP degradation to 66.6%.
As reported, Cl− can react with HO% [58] and SO4%− [60] to pro-

duce reactive chlorine radicals (including Cl%, Cl2%−, HClOH%, and
ClOH%−) and free chlorine (e.g., Cl2, HOCl, and OCl−). Similarly, NO3

−

can react with HO% and SO4%− to generate NO2% and NO3% [58]. Be-
cause of these generated radicals exhibited relative weaker activity than
SO4%− and HO% [61], the presence of Cl− and NO3

− could reduce the
degradation efficiency of TPhP in Fenton and Fe2+/PS processes. Si-
milar results have also been reported in previous studies [62,63]. In
addition, the inhibition effects of Cl− and NO3

− in Fenton process were
lower than that in Fe2+/PS process, which could be due to the higher
reactive ability of HO% than SO4%

− towards these anions [58,64].
However, the inhibition effect of HCO3

− on TPhP degradation was
different compared to Cl− and NO3

−, which was inversely related to
HCO3

− concentration. Specifically, TPhP removal efficiencies at 60min
with the presence of 10, 50, and 100mM HCO3

− were 28.1%, 47.5%,
and 57.4% in Fenton process, and were 16.1%, 45.5%, and 66.6% in
Fe2+/PS process, respectively. The promotion effect was also observed
with the addition of 100mM HCO3

− in Fe2+/PS process. Table S5
showed that the addition of 10–100mM HCO3

− adjusted the solution
pH from 4.0 to 7.4–8.7. It is well known that ferrous ions tend to co-
precipitate when the pH is > 3, and hence would weaken the ferrous
ion-activated oxidation [15]. Furthermore, HCO3

− was demonstrated
to be an efficient scavenger for SO4%

− and HO% and thus produced less
reactive carbonate radicals (HCO3% and CO3%

−) [43,52,56]. Therefore,
the presence of HCO3

− significantly reduced the removal efficiency of
TPhP. Although the carbonate radicals are less reactive than SO4%

− and
HO%, it can favorably react with the electron-rich moieties at a fairly

high rate [47]. Similarly, TPhP, as an electron-rich chemical [41],
might favorably react with carbonate radicals and hence enhanced
TPhP removal efficiency with the increasing concentration of HCO3

−.
Previous study also found that the presence of HCO3

− could promote
the degradation of sulfamethoxazole by thermo activated PS, probably
because of the electron-rich aniline moieties present in sulfamethox-
azole structure [47]. Moreover, HCO3

− at high concentration could
stimulate the decomposition of PS and H2O2 into SO4%

− and HO%, re-
spectively, [59,65] and hence promoted the degradation of TPhP.

3.2. Identification of dominating reactive radicals

Radical quenching experiments were conducted at pH 4.0 to iden-
tify radicals contributing to the oxidation of TPhP by Fenton and Fe2+/
PS processes. As suggested, EtOH containing α-hydrogen reacts with
SO4%

− at 1.6–7.7× 107M−1s−1 and with HO% at 1.2–2.8× 109

M−1s−1, respectively, while the reaction rate of TBA (without the α-
hydrogen) with HO% (kHO%=3.8–7.6× 108M−1s−1) is much higher
than that with SO4%

− (kSO4%−=4–9.1×105 M−1s−1) [15,45].
Therefore, EtOH can be used to scavenge both SO4%

− and HO% radicals,
whereas TBA can be applied to quench HO% [19,47]. In this study,
EtOH and TBA were used as the radical scavengers to identify the
dominant reactive radicals (SO4%

− and HO%) for TPhP degradation in
Fenton and Fe2+/PS processes, and the results were presented in Fig. 3.
For Fenton system, the degradation efficiency of TPhP at 60min was
92% without the presence of radical quenchers, while it was greatly
reduced to 27% and 13% with the addition of 12.5mM TBA or EtOH,
respectively (Fig. 3a). Both TBA and EtOH greatly inhibited TPhP de-
gradation by Fenton process, indicating that HO% was the main radical
in TPhP degradation in Fenton reaction. In Fe2+/PS process, on the
other side, the degradation efficiency of TPhP at 60min was reduced to
72% without any radical quenchers, while TPhP degradation effi-
ciencies dropped to 54% and 30% with the addition of 12.5 mM TBA or
EtOH, respectively (Fig. 3b). The results indicated that both SO4%

− and
HO% radicals could contribute to the oxidation of TPhP in Fe2+/PS
process. Meanwhile, TBA showed less inhibition effect than EtOH due
to its slow reaction with SO4%

−, implying that SO4%
− could be the

predominant species for TPhP degradation in Fe2+/PS process at pH 4.
Furthermore, the effects of HO% and SO4%

− on the degradation of TPhP

Fig. 3. Kinetics of TPhP degradation in the presence of the radical quenchers
EtOH and TBA by (a) Fenton and (b) Fe2+/PS process; EPR spectra of hydroxyl
and sulfate radicals trapped by DMPO in the (c) Fenton and (d) Fe2+/PS process
(#: HO%, and *: SO4%

−). Experimental conditions: [TPhP]0= 10 µM,
pHinitial = 4.0, T= 25 °C, [H2O2]0= [PS]0= 500 µM, [Fe2+]0=500 µM.
Errors represent the standard deviation (n= 3).
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were quantified and listed in Table S6. In Fenton process, the con-
tribution of HO% was calculated to be 84.5% based on EtOH quenching
result. While in Fe2+/PS process, the contributions of HO% and SO4%

−

were 24.9% and 31.4%, respectively. However, although EtOH could
quench HO% and SO4%

− radicals, TPhP were still degraded in the pre-
sence of EtOH in both processes, indicating that other process (e.g.,
coagulation) or other radical species (e.g., HO2%, O2%

−, S2O8%
−) could

possibly contribute to the TPhP degradation [66].
EPR was further employed to detect the active species produced

from Fenton and Fe2+/PS processes in situ. As shown in Fig. 3c and d,
HO% was captured by DMPO in the Fenton reaction, while both HO%
and SO4%

− were captured in the Fe2+/PS system. Moreover, the radical
intensity of Fenton reaction is higher than that of Fe2+/PS process,
which results in fast degradation of TPhP in Fenton reaction.

3.3. Degradation products and pathways

The degradation products of TPhP via Fenton and Fe2+/PS oxida-
tion were identified by LC-MS/MS analysis which was operated at the
positive ionization mode ([M+H]+). Fig. S2a and b showed the total
ion chromatograms (TICs) of TPhP and its degradation products by
Fenton and Fe2+/PS oxidation, respectively. No product was detected
in the control group which contained no oxidants. In addition to TPhP
(retention time= 1.91min), 4 intermediate products were observed at
elution time of 0.60, 0.82, 1.08, and 1.32min in Fenton reaction (Fig.
S2a), while 3 main degradation products were observed at 0.59, 1.06,
and 1.31min in Fe2+/PS oxidation (Fig. S2b), respectively. For Fenton
process, the 4 products showed molecular peaks with m/z values of
267.2 (P2), 359.3 (P4), 343.3 (P3), and 251.2 (P1), respectively. For
Fe2+/PS process, the 3 products displayed the peaks with m/z values of
267.0 (P2), 343.3 (P3), and 251.2(P1), respectively. Because products
P1-3 showed similar retention time and m/z values in both processes, it
was considered that same products P1-3 were generated during TPhP
degradation in both Fenton and Fe2+/PS oxidation processes. Further
MS/MS analysis was performed to elucidate the possible molecular
structures for the degradation products (Fig. S3).

Peaks of m/z 251 (P1), 267 (P2), 343 (P3), and 359 (P4) were in-
dividually assigned as diphenyl phosphate (Fig. S3a), OH-diphenyl
phosphate (Fig. S3b), OH-triphenyl phosphate (Fig. S3c), and di-OH-
triphenyl phosphate (Fig. S3d). Furthermore, the degradation pathways
of TPhP via Fenton and Fe2+/PS oxidation were proposed based on

product identification and HO%/SO4%
− radical oxidation mechanisms

(Fig. 4). Generally, HO% can react with pollutants through hydrogen
abstraction, direct addition, or electron-transfer, resulting in the for-
mation of different products [67], while SO4%

− mainly reacted with
chemicals through electron-transfer mechanism, generating the adduct
intermediates or radical cations [68]. The generating pathway of pro-
duct P1 (m/z 251, Fig. S3a) could involve a two-step reaction (Fig. 4a
and c). At first, a HO% was added on the phosphoric center [32], then a
cleavage of one phenoxy bond occurred to form product P1. HO% could
further attack the phenyl group on P1 and generated product P2 (m/z
267, Fig. 4a). Through Fe2+/PS oxidation, the benzene ring of P1 could
be attacked by SO4%

−, generating a cation radical [36,47], then the
cation radical reacted with water to form product P2 (m/z 267, Fig. 4c).
In Fenton reaction, product P3 (m/z 343, Fig. 4b) was formed through
direct addition of OH to phenyl group on TPhP, and further OH addition
on P3 generated product P4 (m/z 359). By Fe2+/PS oxidation, product
P3 (m/z 343, Fig. 4d) could be formed by the attack of SO4%

− to phenyl
group on TPhP to form a cation radical, followed by reacting with
water. It should be noted that although TOC reduction via TPhP de-
gradation in both Fenton and Fe2+/PS oxidation processes was ob-
served, almost no PO4

3− was detected (Fig. S5), indicating that the
generated products (P1-4) could be refractory to be degraded compared
to TPhP. Similarly, Xu et al. [38] suggested that hydroxylation and C-O
bond cleavage were mainly involved in the degradation pathways of
TCEP by UV/PMS where HO% and SO4%

− were identified as dominant
radicals. They also considered that CeO bond was the favorable reac-
tion site than P]O double bond, which might be the reason why no
PO4

3− was detected in this study.

3.4. Degradation of TPhP in natural waters

In order to evaluate the technical feasibility of ferrous ion-activated
hydrogen peroxide and persulfate oxidation for TPhP removal from
natural waters, the degradation efficiencies of TPhP in different natural
water matrices (Table S1, Supplementary Data) were examined. The
pHs of four collected water samples (Municipal effluent, Zhujiang River
water, South China Sea water, and tap water) were in the range of
7.03–8.33. Because TPhP removal would not be obviously influenced
by solution pH values (Fig. 2a), DI water at pH 7.0 was prepared for
better understanding the effect of water constituents. The experiments
were conducted at the [TPhP]0/[Fe2+]0/[oxidant]0M ratio of 1/50/50,

Fig. 4. Possible degradation products and the proposed transformation pathways of TPhP via Fenton and Fe2+/PS oxidation.
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and the results were presented in Fig. 5. Obviously, TPhP degradation
was inhibited in all natural waters than that in PBS buffer, with the
lowest value in sea water following with municipal effluent water, river
water and then tap water. For example, after 60min, Fenton process
was able to remove 89.0%, 33.3%, 33.2%, 32.0%, and 17.2% of TPhP,
and Fe2+/PS process could remove 72.7%, 59.1%, 59.0%, 54.1%, and
11.4% of TPhP from PBS buffer, tap water, river water, municipal ef-
fluent, and sea water, respectively. As discussed previously, the various
constituents, including NOM and anions that are present in natural
water matrices (Table S1), could contribute significantly to the in-
hibitory effect. In particular, TPhP degradation was greatly inhibited in
seawater matrix. As shown in Table S1, the high concentration of Cl−

(> 18000mg/L) was detected in the collected seawater. This may be
the main reason to explain the low removal of TPhP in sea water
compared to that in the other three types of waters. Because Cl− in
seawater at high concentration could react with HO% and SO4%

− radi-
cals to compete with target compounds and generate weaker radicals,
which inhibited the TPhP degradation. The results here indicated that
higher oxidant dosage and longer reaction time were necessary for the
complete removal of TPhP from natural waters [45,48]. Nevertheless,
the discharge permission needs to be considered when the oxidant
dosage is increased. For example, according to Environmental Quality
Standard for Surface Water of China (GB 3838–2002), the upper limit
concentration of sulfate ion in surface water is 250mg L−1. In this
study, the maximum dosage of PS used is ca. 86mg L−1 sulfate ion,
which is lower than the value specified in Standard and thus will be
permissible to be discharged.

4. Conclusions

This study evaluated the degradation of TPhP under different ex-
perimental conditions in Fenton and Fe2+/PS processes. Results
showed that both Fenton and Fe2+/PS processes are efficient techni-
ques for removing of TPhP from aqueous solution. The main conclu-
sions are as follows:

(1). At the condition of [TPhP]0/[Fe2+]0/[oxidant]0= 1/50/50, 25 °C
at pH 4.0, removal efficiencies of 10 µM TPhP were 90.8% after
5min treatment by Fenton process and 72.4% after 60min treat-
ment by Fe2+/PS process, respectively.

(2). High removal of TPhP can be achieved under a wide range of pH
(4.0–9.0) in both processes.

(3). EPR experiments showed that with the same Fe2+ and oxidants
dosage, the HO% generated in Fenton process exhibited higher in-
tensity than HO% and SO4%

− generated in Fe2+/PS process, re-
sulting in a high removal of TPhP in short time.

(4). Products identification showed that the TPhP degradation products
were similar in both oxidation processes, and the degradation
pathways included hydroxylation and phenoxy bond cleavage.

(5). Nature water constituents, HA, Cl−, and NO3
−, exhibited no

obvious influence on TPhP degradation, while HCO3
− significantly

inhibited TPhP oxidation with an inversed relationship with
HCO3

− concentration. High oxidant dosage and long oxidation
time were required to achieve high removal efficiencies and more
complete mineralization of TPhP from natural waters.
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